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Abstract: The objective of this study was to summarize the results obtained in a wide research
project carried out for more than 15 years on the catalytic activity of different catalysts (activated
carbon, metal–carbon xerogels/aerogels, iron-doped silica xerogels, ruthenium metal complexes,
reduced graphene oxide-metal oxide composites, and zeolites) in the photooxidation (by using UV
or solar radiation) and ozonation of water pollutants, including herbicides, naphthalenesulfonic
acids, sodium para-chlorobenzoate, nitroimidazoles, tetracyclines, parabens, sulfamethazine,
sodium diatrizoate, cytarabine, and surfactants. All catalysts were synthesized and then texturally,
chemically, and electronically characterized using numerous experimental techniques, including
N2 and CO2 adsorption, mercury porosimetry, thermogravimetric analysis, X-ray diffraction,
Fourier-transform infrared spectroscopy, Raman spectroscopy, X-ray photoelectron spectroscopy,
diffuse reflectance UV–vis spectroscopy, photoluminescence analysis, and transmission electron
microscopy. The behavior of these materials as photocatalysts and ozonation catalysts was related
to their characteristics, and the catalytic mechanisms in these advanced oxidation processes were
explored. Investigations were conducted into the effects on pollutant degradation, total organic
carbon reduction, and water toxicity of operational variables and the presence of different chemical
species in ultrapure, surface, ground, and wastewaters. Finally, a review is provided of the most
recent and relevant published studies on photocatalysis and catalyzed ozonation in water treatments
using similar catalysts to those examined in our project.
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1. Introduction
Advanced oxidation processes (AOPs) are characterized by the in situ production of a sufficient
amount of powerful chemical oxidants (e.g., hydroxyl radicals [HO•]) to oxidize and destroy
organic pollutants in water and air. The free radicals generated are highly reactive species that
can effectively degrade most organic and inorganic compounds and have elevated reaction rate
constants (106–109 M−1 s−1). As shown in Table 1, AOPs include a wide range of systems capable of
generating these radicals [1,2].
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Table 1. Water treatment technologies based on advanced oxidation processes.
Non-Photochemical Processes Photochemical Processes
• Oxidation in sub/supercritical water
• Catalytic wet peroxide oxidation (Fenton reagent Fe2+/H2O2)
• Electrochemical oxidation




• Radiolysis • Photo-Fenton
• Nonthermal plasma • Heterogeneous photocatalysis
• Ultrasound
• Ozonation in alkaline medium (O3/OH−)
• Ozonation in the presence of hydrogen peroxide(O3/H2O2)
• Catalytic ozonation
There has been an increasing decline in water resources for human use and a growing rise in
the consumption of water by populations, agriculture, and industry. Conventional water treatment
systems are under strain and facing additional difficulties from the continual appearance of new
pollutants. There is a need to increase the effectiveness and efficiency of polluted water treatment
removal through the development of improved technologies [3,4].
Biological treatments with adsorbents and conventional chemical methods (chlorination, ozonation,
or permanganate oxidation) are generally effective to treat polluted waters, but they sometimes fail to
reduce pollutant levels sufficiently to comply with legislation and to allow utilization of the effluent [5,6].
AOPs are highly effective to oxidize many organic and inorganic compounds, including biologically
toxic or non-degradable pollutants (e.g., aromatics, colorants, surfactants, pharmaceuticals, petroleum
components, pesticides, and volatile organic compounds). These pollutants are commonly present
in water at trace concentrations, ranging from a few ng/L to several µg/L. In general, contaminants
are mineralized by oxidation into stable inorganic compounds such as carbon dioxide, water, or salts.
The aim of applying AOPs in wastewaters is to diminish chemical contaminants and water toxicity to
a sufficient extent to allow the treated water to be reintroduced into receiving streams or conventional
sewage treatment plants [7–9]. This review focuses on AOPs that involve heterogeneous photocatalysis
and catalytic ozonation.
Ever since reports in the 1960s and 1970s on the potential of ZnO and TiO2 electrodes for
water splitting and environmental remediation [10,11], heterogeneous photocatalysis has attracted
considerable research attention. However, most semiconductors offer low photonic efficiency, and
there is special interest in optimizing the optical characteristics of semiconductor materials [12,13].
There is a need to improve the performance of semiconductors and to explore the potential use of other
materials for this purpose.
Numerous oxides and sulfides have appropriate chemical and physical properties for their
utilization as photocatalysts [14,15]. Titanium dioxide is the most widely used photocatalyst but has a
low quantum yield and shows a tendency to recombine the electrons and positive holes generated,
leading to numerous attempts to improve the behavior of this semiconductor [16–18]. Technological
interest in photocatalytic processes has made the development of effective photocatalysts one of the
most important challenges in materials research. Photocatalysis is not only used in water treatments
but also shows promise in other fields, including the generation of hydrogen by water splitting or
the reduction in CO2 to obtain different organic compounds [19,20]. Many carbon materials have
been used in this field, ranging from activated carbons (ACs), carbon blacks, and graphite to novel
forms such as carbon nanotubes, fullerenes, graphene, and graphitic carbon nitride. Investigations
in this field initially focused on the application of carbon materials as supports for metallic catalysts,
followed by their use as doping agents, as carbon-coating for titanium dioxide particles, and an electron
donor/acceptor-forming composites with different metallic oxides. It was recently shown that some
carbon materials possess self-photoactivity [21–29].
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Three mechanisms have been proposed for the synergistic promotion of photocatalysis in titanium
dioxide-nanotube composite materials: (i) nanotubes act as acceptors of the electrons photogenerated
by titanium dioxide, inhibiting recombination of the electrons and positive holes that are generated;
(ii) photoabsorption of the carbon material and generation of additional positive hole–electron pairs,
increasing the generation of radicals; and (iii) carbon atoms act as a doping element of the TiO2 network,
decreasing the bandgap energy by introducing new energy bands between the valence and conduction
bands of TiO2, extending the applicability of the photocatalyst to less energetic radiations, such as
those of the visible spectrum [30].
Another section of the present review addresses catalytic ozonation. Water treatment technologists
have shown considerable interest in the important oxidation and disinfection potential of ozone.
However, although ozone offers major advantages, it is associated with a few drawbacks, such as (i) low
solubility and stability in water, (ii) low reactivity with certain organic compounds, and (iii) inability to
completely transform organic compounds into CO2, leaving degradation byproducts that can be more
toxic than the original micropollutant. AOPs (O3/H2O2, O3/UV, O3/catalysts) have been developed
to increase the effectiveness of ozonation. Chen et al. [31] first described the heterogeneous catalytic
ozonation of certain compounds using Fe2O3 as a catalyst. Subsequently, numerous catalysts have
been studied, such as metal oxides [32,33], supported metal oxides [34,35], supported metals [36],
mesoporous materials [37], and carbon materials [38] (AC by itself [39,40], carbon xerogels [41], carbon
nanotubes [42], metal oxides supported on AC [43], metal-doped carbon aerogels [44], platinum
supported on carbon nanotubes [45], and graphene derivatives [46]). The characteristics of the solution
(pH, temperature, ionic strength, etc.) and the chemical and textural properties of the catalyst generally
have a major influence on the efficacy of heterogeneous catalysis in ozone decomposition. It has
frequently been observed that these materials are able to catalytically decompose ozone, generating
HO• radicals. General conclusions on the underlying mechanisms of action are complicated by the
wide range of solid catalyst types and surface properties and by interactions among the catalyst, ozone,
and organic molecules.
With the above background, the aim of this review was to summarize the results of a wide >15-year
investigation into the characteristics and behavior of numerous different catalysts (AC, metal–carbon
xerogels/aerogels, iron-doped silica xerogels, ruthenium metal complexes, reduced graphene
oxide-metal oxide composites, and zeolites) in the photooxidation (UV and solar) and ozonation of water
polluted with herbicides, naphthalenesulfonic acids, sodium para-chlorobenzoate, nitroimidazoles,
tetracyclines, parabens, sulfamethazine, sodium diatrizoate, cytarabine, and surfactants. Data are
analyzed on the chemical, electronic, and textural characteristics of the catalysts, their catalytic activity
in the degradation of the contaminants, and the effect of the chemical nature of the aqueous solution.
A special section is devoted to the study of reaction mechanisms and the toxicity of degradation
products. Many of the results obtained by the project have been published [40,44,47–81]. Finally,
there is a discussion of the most recent and relevant results published on photocatalysis and catalyzed
ozonation in water treatments using similar catalysts to those studied in our project.
2. Catalysts Used in Pollutant Photooxidation
AOPs involving photocatalytic processes that use visible or UV light to electronically activate
catalysts have achieved promising results in the removal of organic pollutants that resist biological
treatment [82]. Highly active HO• radicals that participate in photooxidation are generated via different
mechanisms [83]. Photochemical and photocatalytic methods have proven highly effective for water
treatments [84]. The studied catalysts include ACs, metal–carbon aerogels, iron-doped silica xerogels,
ruthenium metal complexes, and rGO-metal oxide composites.
Catalysts 2020, 10, 1485 4 of 62
2.1. Activated Carbons
ACs exert major photocatalytic activity. Oxidation systems with UV or solar radiation have
proven able to completely degrade multiple pollutants in an aqueous solution in the absence of the
usual semiconductor materials when ACs are present [22–24,69,75].
ACs have been successfully used as photocatalysts to remove sodium diatrizoate (DTZ),
a pharmaceutical iodinated contrast medium, in the presence of UV and solar light [69,75].
Four commercial ACs were used: Sorbo (S), Merck (M), Ceca (C), and Witco (W), as well as
gamma-radiated ACs derived from S, M, C and W under different conditions, as previously
described [85]. A novel approach was proposed, using ionizing (gamma) radiation to simultaneously
generate oxidizing and reducing species and thereby modify the surface chemistry of the ACs [85].
Table 2 displays the nomenclature of the irradiated ACs obtained.
Table 2. Nomenclature of the activated carbon (AC) samples used (reproduced from [69] with
permission of Elsevier, 2013).
Ceca series C Original Ceca carbon
C-H• Ceca carbon irradiated in the presence of H• radical
C-e−aq Ceca carbon irradiated in the presence of e−aq
C-HO• Ceca carbon irradiated in the presence of HO• radical
C-0 Ceca carbon irradiated in the presence of all three radicals
C-a Ceca carbon irradiated in the air (without water)
Merck series M Original Merck carbon
M-H• Merck carbon irradiated in the presence of H• radical
M-e−aq Merck carbon irradiated in the presence of e−aq
M-HO• Merck carbon irradiated in the presence of HO• radical
M-0 Merck carbon irradiated in the presence of all three radicals
M-a Merck carbon irradiated in the air (without water)
Sorbo series S Original Sorbo carbon
S-H• Sorbo carbon irradiated in the presence of H• radical
S-e−aq Sorbo carbon irradiated in the presence of e−aq
S-HO• Sorbo carbon irradiated in the presence of HO• radical
S-0 Sorbo carbon irradiated in the presence of all three radicals
S-a Sorbo carbon irradiated in the air (without water)
Witco series W Original Witco carbon
W-H• Witco carbon irradiated in the presence of H• radical
W-e−aq Witco carbon irradiated in the presence of e−aq
W-HO• Witco carbon irradiated in the presence of HO• radical
W-0 Witco carbon irradiated in the presence of all three radicals
W-a Witco carbon irradiated in the air (without water)
2.1.1. Effect of Gamma Irradiation on the Textural and Chemical Properties of ACs
All ACs were texturally and chemically characterized, as previously reported [69,75,85]. Table 3
compares textural characteristics between the original and irradiated ACs, and Table 4 exhibits the
chemical properties of all ACs under study.
The textural characteristics of all irradiated ACs are highly similar to those of the original ACs
(Table 3). However, their surface chemistry is modified in comparison to the original ACs according to
the AC type and experimental conditions of the irradiation (Table 4). Examination of the role of water
radiolysis-generated radical species in surface chemistry modifications shows that AC-H• has a lower
pHPZC in comparison with the corresponding original AC due to an increase in acidic groups and a
decrease in basic groups (Table 4). However, no behavior pattern is observed for irradiated ACs in the
presence of solvated electrons or HO• radicals.
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Table 3. Effect of gamma irradiation on the textural characteristics of the ACs (adapted from [85] with
permission of Elsevier, 2014).
Activated SBET a (N2) VT b (N2) DP c (N2) V0 d (N2) SExt e (N2) V0 f (CO2)
Carbon m2/g cm3/g nm cm3/g m2/g cm3/g
C 1294 0.65 2.02 0.55 82.68 0.34
C-A 1256 0.64 2.03 0.54 71.97 0.33
C-0 1248 0.63 2.04 0.53 73.78 0.33
M 1302 0.66 2.02 0.55 84.00 0.39
M-A 1286 0.64 1.99 0.54 75.54 0.38
M-0 1278 0.63 1.97 0.54 71.16 0.38
S 1143 0.57 2.02 0.49 53.84 0.29
S-A 1049 0.52 2.00 0.45 47.48 0.27
S-0 1031 0.52 2.03 0.44 53.22 0.28
W 815 0.40 1.97 0.35 20.39 0.26
W-A 798 0.39 1.97 0.35 23.06 0.25
W-0 794 0.39 1.97 0.35 20.14 0.24
a Surface area determined from N2 adsorption isotherms at 77 K. b Total pore volume calculated for P/P0 = 0.99.
c Mean pore width determined for a cylindrical model. d Micropore volume determined by the t method. e External
surface area calculated by the t method. f Ultramicropore volume based on CO2 adsorption isotherms at 273 K
following the Dubinin–Radushkevich equation.
Table 4. Effect of gamma irradiation on the chemical properties of the ACs (adapted from [85] with
permission of Elsevier, 2014).
ACs pHPZC
Acidic Groups a Basic Groups b Eg c
µeq/g µeq/g eV
C 7.5 ± 0.2 240 409 3.65 ± 0.03
C-A 8.7 ± 0.2 107 657 3.25 ± 0.04
C-0 7.7 ± 0.2 246 462 3.04 ± 0.02
C-H• 3.1 ± 0.2 488 158 3.36 ± 0.02
C-e−aq 7.2 ± 0.2 166 467 3.14 ± 0.02
C-HO• 7.7 ± 0.2 226 500 3.00 ± 0.02
M 10.0 ± 0.2 72 650 3.50 ± 0.02
M-A 10.7 ± 0.2 90 736 3.15 ± 0.04
M-0 9.3 ± 0.1 105 468 3.33 ± 0.02
M-H• 4.2 ± 0.2 453 150 3.13 ± 0.02
M-e−aq 8.4 ± 0.2 68 389 3.20 ± 0.02
M-HO• 9.0 ± 0.2 48 431 3.23 ± 0.02
S 10.7 ± 0.1 108 1857 3.58 ± 0.02
S-A 11.9 ± 0.2 48 2376 3.28 ± 0.02
S-0 10.0 ± 0.2 87 1052 2.98 ± 0.02
S-H• 4.4 ± 0.2 333 433 3.63 ± 0.02
S-e−aq 9.9 ± 0.2 68 968 3.16 ± 0.02
S-HO• 10.1 ± 0.2 88 1331 2.92 ± 0.02
W 8.4 ± 0.2 188 403 3.68 ± 0.02
W-A 9.2 ± 0.2 88 622 3.50 ± 0.04
W-0 7.1 ± 0.1 128 340 3.23 ± 0.02
W-H• 4.7 ± 0.1 448 186 3.35 ± 0.02
W-e−aq 9.1 ± 0.2 100 558 3.15 ± 0.02
W-HO• 9.6 ± 0.1 50 688 3.10 ± 0.02
a Determined by neutralization with NaOH (0.05 N). b Determined by neutralization with HCl (0.05 N). c Band gap
values (Eg) of the activated carbons, calculated according to the Kubelka–Munk method.
2.1.2. Effect of the Surface Chemistry of ACs on DTZ Degradation by UV/AC System
DTZ is degraded by a photolytic process in the presence of the original and irradiated ACs
(UV/AC) and in the absence of AC (direct photolysis). As an example, Figure 1 depicts the results
obtained by direct photolysis and in the presence of the original ACs, showing a marked increase in
their presence.
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The role of ACs in DTZ removal by the UV/AC system was explored by determining the “synergic
effect” of the carbons, which was calculated by subtracting the adsorptive and photolytic contributions
from the global removal percentage in the UV/AC system (Equation (1)) (Table 5).
%SUV/AC = %DUV/AC −%DUV −%AAC (1)
SUV/AC i t %DTZ removal due to the synergic effect of the presence of AC and UV r diation,
%DUV/AC is the total %DTZ removal by photocatalysis, %DUV is the %DTZ degradation by direct
photolysis, and %AAC is the %DTZ removal by AC adsorption.
Table 5. Removal fractions and reaction rate constants for DTZ removal by UV/AC. [DTZ]0 = 25 mg/L;
pH = 6.5; T = 298 K (reproduced from [69] with permission of Elsevier, 2013).
Activated Carbon
kOB (15 min) %UV Degradation %Removal by Adsorption %Removal by UV/AC %Synergic Removal
min−1 (1 min) (1 min) (1 min) (1 min)
C 0.47 ± 0.01 9.29 14.20 51.50 28.01
C-H• 0.75 ± 0.04 9.29 11.70 49.79 28.80
C-e−aq 0.69 ± 0.03 9.29 11.60 44.61 23.72
C-HO• 1.05 ± 0.05 9.29 17.00 53.99 27.70
C-0 2.05 ± 0.00 9.29 12.90 87.09 64.90
M 0.53 ± 0.04 9.29 18.70 66.60 38.61
M-H• 1.06 ± 0.02 9.29 30.40 65.38 25.69
M-e−aq 1.05 ± 0.04 9.29 0.86 65.04 54.89
M-HO• 0.93 ± 0.05 9.29 17.00 62.36 36.07
M-0 0.69 ± 0.04 9.29 12.40 53.05 31.36
S 0.59 ± 0.03 9.29 28.80 71.00 32.91
S-H• 0.42 ± 0.05 9.29 8.49 45.00 27.22
S-e−aq 0.28 ± 0.02 9.29 9.07 32.49 14.13
S-HO• 1.03 ± 0.04 9.29 14.80 64.10 39.91
S-0 1.07 ± 0.02 9.29 7.67 47.00 30.04
W 1.42 ± 0.04 9.29 12.80 75.20 53.11
W-H• 1.02 ± 0.04 9.29 1.04 69.47 59.14
W-e−aq 5.06 ± 0.06 9.29 1.02 100 89.69
W-HO• 5.26 ± 0.06 9.29 1.67 92.81 81.85
W-0 0.99 ± 0.01 9.29 8.23 62.87 45.35
As observed in Table 5, the largest adsorptive contribution to the total removal process is from
carbon S and the smallest from carbon W. Nevertheless, carbon W has the greatest synergic effect on
DTZ removal by the UV/AC system (>53% at 1 min of treatment).
With regard to the behavior of the irradiated ACs in DTZ photodegradation (Table 5), W-e−aq and
W-HO• obtain the highest rise in DTZ removal, which is not substantively increased by the sample
treated with hydrogen atoms (W-H•). In addition, W-e−aq and W-HO• make a markedly greater
synergic contribution to the overall removal process at 1 min of treatment in comparison to the original
carbon W (Table 5). Accordingly, irradiation of the AC increases its synergic activity, regardless of
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the treatment applied (oxidizing or reducing agents). Chemical analysis of the treated carbons shows
that both treatments increase the percentage of ester/anhydride groups in comparison to the original
carbon. Results displayed in Table 5 show that the synergic activity of all ACs is increased by the
gamma radiation treatment to varying degrees, with reaction rates that follow the order W-HO• >
W-e−aq > W > W-H• > W-0 for carbon W, but M-H• > M-e−aq > M-HO• > M-0 > M for carbon M.
Comparison of these results with the textural and chemical properties of the ACs revealed no general
trend; however, the synergic activity is greater in the ACs with a higher percentage of surface oxygen,
especially in those with a higher percentage of ester/anhydride groups and carbon atoms with sp2
hybridization [69].
In order to investigate further the characteristics that affect AC photocatalytic activity, the bandgap
energy of the samples was determined by diffuse reflectance spectroscopy. According to the results
in Table 5, all of these ACs behave as semiconductors (Eg < 4 eV) and consequently as photoactive
materials in the presence of UV radiation, and gamma irradiation reduces the Eg values of the materials.
Finally, the best performance in the synergic effect is obtained with the W series, although their Eg
values are not the lowest. This may be explained by the higher concentration of sulfur in carbon W
than in the others because its presence increases the number of carbon atoms with sp2 hybridization.
This promotes the transit of electrons, which are the principal triggers of the photocatalytic process.
An increased sp2 hybridization is observed in the samples treated with gamma radiation, which would
account for their improved behavior in DTZ photodegradation. The photocatalytic activity of the AC
is therefore enhanced not only by a reduction in Eg values but also by an increase in carbon atoms with
sp2 hybridization of the material [69].
Figure 2 depicts a proposed action mechanism underlying photocatalytic DTZ removal in the
presence of the ACs, based on the above findings. UV light photons falling on the ACs generate
electron–hole pairs (e−-h+) by irradiating with sufficient energy to promote e− from the valence (VB)
to conduction (CB) band (reaction (2)). Accordingly, photogenerated e− is spread throughout the
graphene layers, reaching molecules of the absorbed DTZ and oxygen. The electrons reduce the
adsorbed O2 to form O2•−, which would react with the water molecule and produce oxidizing radical
species that interact with the DTZ, contributing to its degradation (reactions (3)–(5)). Recombination of
the e− with h+ is prevented by the presence of adsorbed oxygen (reaction (3)), permitting an interaction
between a water molecule and free hole and enhancing the efficacy of the process. Positive holes are
responsible for generating HO• radicals (reaction (6)).
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AC + hν→ hνB+ + eCB− (2)
eCB− + O2 → O
•−
2 (3)




2HO•2 → O2 + H2O2 → O2 + 2HO
• (5)
hνB+ + H2 O → HO
• + H+ (6)
2.1.3. Effect of the Type of Radiation in the Heterogeneous Photocatalysis Process Using ACs
The influence of radiation on the photocatalytic process was examined by determining variations
in the concentration of DTZ by UV light and simulated solar radiation both in the absence and presence
of ACs or TiO2 [75]. The commercial AC W and its five irradiated carbons were used for this study
(Table 4). Results obtained indicate that direct photolysis of DTZ is greater when UV radiation is used
(Figure 3) due to the absorption spectrum of DTZ, which shows maximum absorbance in the range
of 200–270 nm, while the emission wavelength of the low-pressure lamp is 257.7 nm. The reason for
the low percentage of DTZ degradation by direct solar radiation is the minimal overlap between the
emission spectrum of the Xe lamp of the solar photoreactor [75] and the absorption spectrum of DTZ.
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The results obtained de o str t t f t se s ( series) because the
percentage of DTZ removed is higher t t i y direct photolysis (using
UV or solar radiation). i ff s lso observed in the presence of
ACs under UV radiation (Figure 3).
DTZ i by UV/AC and solar/AC systems was also compared with that obtained
by the conventional utilization of TiO2 as a photocatalyst. Results in Figure 3 show hi her DTZ
degradation with solar/TiO2 than with solar/AC systems, attributable to the major difference between
the illuminatio intensity created by solar radiation (64.52 W/m2) and that created by the UV radiation
photoreactor (34.62 W/m2) [86]. However, the degradation rates obtained by UV/AC systems are much
higher than those obtained by UV/TiO2 system. This is because the presence of TiO2 in the solution
increases the flux of absorbed photons [87], generating more e−-h+ pairs and increasing the opportunity
for e−-h+ recombination.
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With regard to the photocatalytic activity of the carbon samples [75], the formation of electron
holes, HO• radicals, and superoxide anions was demonstrated in both radiation systems, and the
concentrations of superoxide anions and HO• radicals were found to depend on the AC surface
chemistry. Results depicted in Figure 4 show an increase in the concentration of both superoxide anions
and HO• radicals for a given amount of AC. As can be observed in Figure 4B, the formation rate of both
oxidant species is enhanced with low amounts of AC. However, the formation rate of superoxide anions
is markedly reduced with amounts >170 mg/L, while the formation rate of HO• radicals continues
to rise. This may be because the formation of HO• radicals (reaction 6) leads to the formation of H+
on the surface of the AC, favoring reaction (7) and therefore shifting the equilibrium of reaction (8)
towards the left. This results in reactions (9) and (10), which would explain the decreased concentration
of superoxide anions and increased concentration of HO• radicals. The reduced concentration of
superoxide anions may also be caused by the interaction between the species (reaction (11)) [88].
2O•−2 + 2H
+






2 → H 2O2 + O2 (9)
H2O2 + hν → 2HO• (10)
HO• + O•−2 → OH
− + O2 (11)
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Dissolved oxygen plays a major role in photocatalytic processes [89]. Removal of dissolved oxygen
from the solution was found to reduce percentage DTZ removal by the radiation/AC system [69,75] by
favoring the e−-h+ recombination and thereby impeding superoxide anion and HO• radical formation.
It was also observed that the presence of chemisorbed oxygen on the AC surface enhances the formation
of radical species [75].
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2.1.4. Effect of AC Surface Chemistry on the Photogeneration of Radical Species in UV/AC and
Solar/AC Systems
The ACs under study share similar textural characteristics, but they have distinct surface
chemistries (Tables 3 and 4) that may explain the differences observed in their behavior. Thus,
the photogenerated concentrations of superoxide anion and HO• radical were found to depend on their
surface chemistry [75]. In addition, a relationship was established for the first time between the Eg
values of ACs and the main species photogenerated in the medium. In this way, HO• radical formation
is favored by lower Eg values and superoxide anion formation by higher values. A relationship was
found between photogenerated HO• radicals and DTZ degradation in the studied systems. Thus,
percentage DTZ degradation is higher in the solar/TiO2 system than in any solar/AC system because
the concentration of HO• radicals is much higher in the solar/TiO2 system than in the solar/AC systems.
2.2. Metal Carbon Aerogels
Metal carbon aerogels have a large number of environmental applications due to their easy
preparation and their special textural, chemical, and electronic properties [90]. Thus, metal–carbon
aerogels have proven highly effective as catalysts in the photooxidation of different water
pollutants [60,61,72,74,77,79].
Carbon aerogels doped with transition metals (Co(II), Ti(IV) and Mn(II)) were prepared and
characterized for the photooxidation of aromatic organic micropollutants in aqueous solution,
using the naphthalenesulfonic acids 1-naphthalenesulfonic (NS), 1,5-naphthalenedisulfonic (NDS),
and 1,3,6-naphthalentrisulfonic (NTS) [60,61] as model compounds. In addition, organic aerogels
and xerogels doped with Fe, Co, or Ni were prepared, characterized, and used for the removal of
the herbicide amitrole (AMT) in aqueous solutions [72]. More recently, organic xerogels doped with
Ni [77,79] and Ru [74] were prepared, and their photoactivity in the degradation of certain pollutants
was evaluated. Specifically, Álvarez et al. [77] studied the efficacy of a Ni organic xerogel to degrade
AMT under UV irradiation and López-Ramón et al. [79] its capacity to degrade diuron (DRN) from
water under simulated solar radiation, while Salazar-Rábago et al. [74] evaluated the photoactivity
of xerogels doped with doses of Tris(2,2’-bypiridine) ruthenium(II) (RuBpy) in the degradation of
chlortetracycline (CTC) under solar radiation.
Preparation of the aerogel samples has been reported elsewhere [91]. Briefly, metal-doped
carbon gels were produced by polycondensating resorcinol (R) and formaldehyde (F) in water
(W) using the corresponding metal acetates (Ag, Co, Mn, Fe, or Ni) [60,61,72,77,79], titanium
tetrabutylammonium [60,61], and sodium carbonate [74] as catalyst precursors (C) and applying
stoichiometric R/F, R/W, and R/C molar ratios. An identically prepared blank aerogel sample used
carbonate sodium as catalyst [60,61,72,77,79]. Solutions were stirred to obtain homogeneous mixtures
and then poured into glass molds and cured for a set time period. Next, the gel rods were cut into 5 mm
pellets, immersed in acetone, and dried at room temperature [72,77,79] or 323 K for 3 days [74], yielding
organic xerogels. The corresponding organic aerogels were formed by supercritically drying acetone
exchange samples with CO2. Finally, carbon gel samples were selected to obtain AC aerogels [60,72]
and AC xerogels [72].
All samples were texturally and chemically characterized by gas adsorption (N2 and/or CO2
at 77 and 273 K, respectively), mercury porosimetry, determination of the pH of the point zero
charge (pHPZC), X-ray diffraction (XRD), and X-ray photoelectron spectroscopy (XPS), among others.
Diffuse reflectance spectroscopy (DRS) was used to determine the band-gap energy of the samples.
These techniques are described in detail elsewhere [53,92]. Table 6 lists the main features of the carbon
xerogels and aerogels used in the study.
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Table 6. Characteristics of carbon aerogels and xerogels (adapted from [60,72,73] with permission
of Elsevier).
Sample
SBET a W0 b Vm c SCO2 d Vmic e V2 f V3 g pHPZC
Eg
m2/g cm3/g m2/g cm3/g eV
A 500 - - 200 0.071 0.36 0.68 3.5 -
A-Co(II)-15 562 - - 206 0.073 0.43 0.97 3.8 -
A-Ti(IV)-15 550 - - 200 0.071 0.40 0.92 4.3 -
A-Mn(II)-15 554 - - 210 0.075 0.41 0.95 4.2 -
A-Mn(II)-50 593 - - 285 0.101 0.35 0.90 3.7 -
A-Mn(11)-200 646 - - 321 0.114 0.28 0.86 3.2 -
A-Mn(II)-15C 880 - - 701 0.250 0.43 0.86 7.5 -
X-Na 2 0.002 0.030 - - - - 3.6 3.81
X-Co 68 0.031 0.194 - - - - 3.6 3.78
X-Fe 27 0.012 0.089 - - - - 3.5 3.74
X-Ni 103 0.040 0.295 - - - - 3.4 3.66
A-Fe 388 0.173 0.678 - - - - 3.1 3.75
A-Ni 407 0.185 0.717 - - - - 3.6 3.69
XC-Fe 338 0.134 0.225 - - - - 7.3 4.35
XC-Ni 382 0.144 0.230 - - - - 7.0 4.16
AC-Fe 568 0.221 0.396 - - - - 7.1 4.47
AC-Ni 637 0.249 0.371 - - - - 6.9 4.44
XRF <5 - - 264 0.106 - - - 5.68
X50RuB <5 - - 204 0.082 - - - -
X100RuB <5 - - 241 0.097 - - - -
X150RuB <5 - - 253 0.102 - - - 0.98
X750RuB <5 - - 245 0.103 - - - -
a Surface area determined by N2 adsorption at −196 ◦C. b Micropore volume from DR equation applied to N2
adsorption isotherms at −196 ◦C. c Mesopore volume from N2 adsorption isotherms at −196 ◦C. d Surface area
determined by applying DR equation to CO2 adsorption isotherms at 0 ◦C. e Micropore volume from DR equation
applied to CO2 adsorption isotherms at 0 ◦C. f Volume of pores with a diameter of 6.6–50 nm as determined by Hg
porosimetry. g Volume of pores with a diameter higher than 50 nm as determined by Hg porosimetry.
Results obtained [60,61] showed that the addition of Co(II), Ti(IV), or Mn(II) has no significant
impact on the textural or chemical properties of the aerogels (Table 6). However, the surface area of the
aerogels is decreased, and their meso- and macroporosity is increased by the addition of increasing
amounts of Mn (II) (R/C from 200 to 15) (Table 6). SN2 >> SCO2 in all samples, i.e., they have only a
small proportion of narrow micropores (φ < 0.7 nm) [93]. XPS analysis of the aerogels A-Co(II)-15,
A-Ti(IV)-15, A-Mn(II)-15, A-Mn(II)-50, and A-Mn(II)-200 revealed a high concentration of surface
oxygen (>20%), explaining the low pH values obtained and therefore the high surface acidity (Table 6).
Activation of sample A-Mn(II)-15 with CO2 markedly increases the microporosity of the new aerogel
(A-Mn(II)-15C) and its surface basicity, largely attributable to the removal of oxygenated surface groups
at the elevated temperatures reached during the activation process [94].
Results obtained from the direct photolysis of naphthalenesulfonic acids with UV radiation (254 nm)
demonstrated that this method is not effective in removing these water pollutants [60,61]. However,
photodegradation of these compounds can be achieved by irradiation with a medium-pressure Hg lamp,
and a reduction in photodegradation rate and quantum yield values is observed with a higher number
of sulfonic groups in the aromatic ring [60]. These groups withdraw electronic density from the aromatic
ring of NTS, reducing reactivity during photooxidation [95]. The presence of the prepared aerogels
(with Na, Co, or Ti) during irradiation does not significantly increase the NTS photodegradation
rate [60,61]. However, the presence of Mn-doped aerogels during the photodegradation process
increases the NTS removal rate, indicating that these aerogels possess the best photocatalytic activity,
promoting the generation of oxidant species in the medium. In addition, the photocatalytic capacity of
the Mn aerogel is increased at higher surface Mn(II) concentrations. Activation of Mn-doped aerogel
increases its microporosity but does not affect its photocatalytic activity [60]. Comparison of NTS
photodegradation results obtained with sample A-Mn-15 [60,61] with those obtained with TiO2 show
that TiO2 is a more efficient photocatalyst in this process, possibly due to the greater UV radiation
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absorption by TiO2 (Figure 5). The NTS photooxidation rate is considerably increased by the addition
of 5 mmol/g H2O2 to the system in the presence of A-Mn(II)-15 catalyst, but it becomes a potent HO•
scavenger at a higher H2O2 dose [96]. Results obtained [60] confirm that the generation of HO• radicals
governs NTS photooxidation. The following mechanism is proposed for NTS photooxidation in the
presence of Mn carbon aerogels (reactions (12)–(20)) [97]:





hνB+ + NTS→ NTS•+ → degradation by− products (13)
hνB+ + H2 O→ H+ + HO• (14)
eCB− + O2 → O•−2 (15)









→ H2O2 + O2 (18)
eCB− + H2O2 → OH− + HO• (19)
O• + NTS→ degradation by − products (20)
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The role of ACs in DTZ removal by the UV/AC system was explored by determining the 
“synergic effect” of the carbons, which was calculated by subtracting the adsorptive and photolytic 
contributions from the global removal percentage in the UV/AC system (Equation (1)) (Table 5). %S / = %D / −%D −%A  (1) 
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A-Co, (4) A-Ti, (#) A-Mn, (×) TiO2 (reproduced from [61] with
permission of American Chemical Society, 2008).
Organic gels doped with Fe, Co, and Ni were prepared to study the photoactivity of carbon
xerogels and aerogels in the photodegradation of AMT from water under UV radiation [72]. Textural
characterization of these xerogels and aerogels (see Table 6) showed that their porous texture depends
on the metal salt used, with Ni and Co being the best catalysts in the polymerization process [98].
The micropore and mesopore volumes and surface area of the xerogels increase in the order: X-Na <
X-Fe < X-Co < X-Ni. The surface area is higher for Fe and Ni aerogels (A-Fe and A-Ni, respectively)
than for the corresponding xerogels, indicating that supercritically drying with CO2 produces organic
gels with a more developed porosity and surface area [99]. The carbonization of Ni and Fe aerogels
and xerogels increases their microporosity and surface area but markedly reduces the mesoporosity of
the aerogels (Table 6). The pHPZC values (3.1–3.6) exhibited in Table 6 show the high surface acidity
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of the xerogels and aerogels. As noted above, there is a large reduction in the surface acidity of the
samples after carbonization due to the high temperatures used during this process, with a low oxygen
content (Table 7) [60,94].
Table 7. Oxygen content and deconvolution of O1s XPS spectra of the carbon gel samples (%) (adapted
from [72] with permission of Elsevier, 2016).
Sample O –C=O/–OH –C–O–C– H2O
% 532.2 ± 0.2 eV 533.1 ± 0.2 eV 535.1 ± 0.4 eV
X-Na 37.4 16.6 65.3 18.1
X-Co 37.6 18.0 66.2 15.8
X-Fe 38.1 20.4 60.1 19.5
X-Ni 32.0 24.2(28.4 a, 29.6 b) 51.2(49.2 a, 51.9 b) 24.6(22.4 a, 18.5 b)
XC-Fe 3.9 7.9 38.0 54.1
XC-Ni 7.9 9.6 36.6 53.8
A-Fe 36.4 19.9 51.1 29.0
A-Ni 33.9 22.6 46.4 31.0
AC-Fe 9.7 10.3 30.8 58.9
AC-Ni 8.5 11.7 33.7 54.6
a At 45 min irradiation. b At 90 min irradiation.
The noncarbonized samples behave as semiconductor materials, with bandgap values <4 eV
(Table 6). As shown in Tables 6 and 7, the X-Ni sample has a low Eg value and the highest percentage
of –C=O/–OH groups (24.2%), because these groups can alter the electrical properties of materials,
introducing “impurity” bands around the Fermi level and thereby reducing the energy between LUMO
and HOMO orbitals [100].
Figure 6 depicts the results of AMT removal kinetics by direct photolysis with the UV/organic
xerogel system. The AMT photodegradation rate markedly increases when the process is carried out
in the presence of organic xerogel doped with transition metals. The reduction in AMT concentration
during UV irradiation in the presence of these samples is complex, involving three processes: adsorption
(kAD), direct photolysis (kUV), and the gel-induced synergic effect (kSE) of the xerogel. Hence, AMT




= −(VUV + VAD + VSE) = −(kUV + kAD + kSE) × [AMT] (21)
The percentage removal due to the synergic effect (%SEUV/GEL) was determined by subtracting
adsorptive (%AGEL) and photolytic (%AMTUV) contributions from the total percentage removal
(%AMTUV/GEL) (Equation (22)):
%SEUV/GEL = %AMTUV/GEL −%AMTUV −%AGEL (22)
These results indicate that kUV/GEL increases in the order: X-Na < X-Co < X-Fe < X-Ni,
from 20.6 × 10−3 min−1 (X-Na) to 37.1 × 10−3 min−1 (X-Ni). The percentage removal (%AMTUV/GEL)
also increases in the same order, from 63.3% (X-Na) to 77.6% (X-Ni), after 45 min of irradiation. Finally,
the highest percentage of synergetic degradation is obtained with the X-Ni sample (24.4%), related to
its lowest Eg value (3.66 eV).
The reaction mechanism of AMT photooxidation in the presence of organic xerogels was
investigated, conducting AMT degradation experiments to study the influence of the positive holes
(h+VB) in the presence and absence of EDTA. Results obtained confirm that their photocatalytic role in
AMT removal is completely inhibited by suppression of h+VB and that the xerogels act as photoactive
materials. AMT degradation kinetics were also studied in the presence of tetranitromethane, showing
that when organic xerogels are present during photooxidation, the concentration of superoxide
radicals (O2•−) is increased, favoring AMT degradation. Thus, the presence of xerogels during
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AMT photooxidation promotes the generation of O2•− and HO• radicals via the photogeneration of
electron-positive hole pairs, which can also oxidize and reduce some oxygenated groups on the xerogel
surface [69] (Figure 7).
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Figure 7. Mechanism proposed for the action of organic gels as photocatalysts (reproduced from [72]
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Because the best results were obtained with the Ni xerogel, this sample was used in subsequent
studies. Thus, the variation of TOC and medium toxicity during photocatalytic AMT degradation was
studied under UV irradiation [77]. The rate of degradation is proportional to the X-Ni concentration
up to 250 mg/L, but higher concentrations have no effect on the AMT photodegradation rate, attributed
to (i) a reduction in active sites available for light absorption due to the greater aggregation of xerogel
particles, lowering the photooxidation rate [101], and (ii) a decrease in the penetration of the medium
by the light because of its dispersion by a large number of particles in suspension [101,102]. Hence [72],
the main species in the photodegradation of AMT are O2•− and HO• radicals.
According to the results obtained, AMT photodegradation using X-Ni under UV radiation is
influenced by the following factors: (i) high pH-dependency, being favored at pH 12 when AMT is
in ionic form, and more HO• radicals are generated because there are more OH− ions on the xerogel
surface [103]; (ii) the presence of Cl−, which behaves as a scavenger of h+ and HO• radicals and therefore
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reduces the AMT degradation rate (reactions (23) and (24)) [104]; (iii) the presence of organic matter,
which behaves as a filter, reducing the light transmission and therefore the AMT removal [105]; (iv) the
intensity of irradiated light on the solution, with a higher intensity enhancing the photogeneration of
electron/hole pairs and the oxidation capacity of the system [106]; and (v) the water type, being most
effective in ultrapure water free of competition for generated radicals from inorganic anions or natural
organic matter [107]. Nevertheless, the toxicity is greater with longer irradiation in all types of natural
water studied, suggesting that smaller byproducts are formed. Notably, the X-Ni catalyst shows
adequate stability after being utilized for several cycles under optimal experimental conditions.
Cl− + h+ → Cl• (23)
HO• + Cl → OH− + Cl• (24)
X-Ni sample was also tested as a photocatalyst to degrade DRN in an aqueous solution under
solar radiation [79]. DRN is not very effective for direct photolysis under solar radiation because of
its low aromaticity in comparison to other aromatic compounds studied [108]. The addition of X-Ni
considerably enhances this photodegradation process (Figure 8). As found in the previous study [77],
the photodegradation rate constant rises with a higher concentration of X-Ni, which increases the
number of active surface sites for photocatalysis [108], up to a concentration of 4167–5000 mg/L. There is
no increase in DRN degradation at X-Ni concentrations above 5000 mg/L, which may be explained
by the two factors described above in relation to AMT photodegradation in the presence of the same
xerogel under UV radiation [77,101,102]. The percentage of degradation and mineralization of DRN
increases in the same order due to the greater concentration of (HO• and O2•−) radicals at higher X-Ni
doses. X-Ni also shows good stability after three consecutive cycles, losing less than 6% of its catalytic
activity (Figure 8).
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Figure 8. Diuron degradation efficacy after photolysis, heterogeneous photocatalysis, and reutilization
cycles under the same experimental conditions. T = 240 min, [DRN]0 = 0.107 × 10−3 mol/L,
[X-Ni] = 4167 mg/L (reproduced from [79] with permission of Elsevier, 2019).
Finally, the study of RuBpy-doped organic xerogels (XRF) [74] showed the homogeneous presence
of this coordination compound in the xerogel matrix; however, its presence has no effect on the
morphological or textural properties of the xerogels, which all have a highly developed microporosity
(Table 6). The addition of RuBpy in the XRF polymer matrix markedly reduces the bandgap energy of the
xerogels and increases their capacity to generate electrons under solar irradiation in an aqueous solution.
The percentage CTC degradation by direct photolysis is 31.3% after 2 h of irradiation. However,
the presence of RuBpy xerogels increases the CTC photodegradation rate up to a concentration
of 500 mg/L (Figure 9). According to results obtained for the effect of radical scavengers on CTC
degradation and the XPS results, the hydrated electrons (e−aq) generated by irradiation of the doped
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xerogel centers migrate through this material, reacting with its functional groups and enhancing the
generation of HO• radicals for CTC oxidation (reactions (25)–(27)).
X−COOH
e−aq+ H2O
−→ X−CH = O + H2O2 (25)
H2O2 + hν → 2HO• (26)
X−CH = O
2e−aq+ 2H2O
−→ X−CH2 −OH + 2HO• (27)
e−aq + e
−
aq + 2H2 O→ H 2 + 2OH
− (28)Catalysts 2020, 10, x FOR PEER REVIEW 17 of 66 
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Figure 9. Percentage chlortetracycline (CTC) degradation by solar radiation/xerogel systems versus
direct photolysis (reproduced from [74] with permis ion of Elsevier, 2016).
The photoactivity decreases at RuBpy concentrations above 500 mg/L (Figure 9) because the e−aq
generated, favored at these higher concentrations, can be consumed according to reaction (28) [88].
These results indicate that xerogels doped with RuBpy do not behave as true photocatalysts for
CTC degradation because of the changes in their chemical characteristics produced by irradiation,
which diminishes the number of functional groups and leads to deactivation of the doped xerogels.
2.3. Iron-Doped Silica Xerogels
A novel research line was launched by the modification of silica xerogels [76,109,110] because of
their particular physicochemical properties [111]. Fe(III)-doped silica xerogels (XGS) were investigated
as photocatalysts, selecting tinidazole (TNZ) as a model compound for degradation under solar
radiation [76]. The study used non-doped xerogels (XGS-BCO) and XGS doped with different
concentrations of Fe(III) (XGS-Fe(III)-xM). Table 8 exhibits the characteristics of XGS-BCO and
XGS-Fe(III)-0.4 M, with three different particle sizes.
Table 8. Textural properties of non-doped xerogels (XGS-BCO) and XGS-Fe(III)-0.4 M (reproduced
from [76] with permission of Elsevier, 2018).
Sample
Surface Area Pore Volume Average Pore
SBET (m2/g) Vp (cm3/g) Diameter, Dp (nm)
XGS-BCO 645.92 0.668 4.140
XGS-Fe(III)-0.4 M-0.015 mm 630.28 0.350 2.588
XGS-Fe(III)-0.4 M-0.025 mm 587.69 0.337 2.633
XGS-Fe(III)-0.4 M-0.05 mm 587.37 0.331 2.256
Catalysts 2020, 10, 1485 17 of 62
With regard to the textural properties (Table 8), the SBET of XGS-Fe(III)-0.4 M is lower when doped
than non-doped (XGS-BCO) because the doping with Fe(III) reduces the pore diameter and volume,
and the SBET is smaller at higher Fe(III) concentrations and particle diameters. According to HRTEM
analysis, iron is zoned in the contour of the particles and is present as akaganeite (β-FeOOH) [76].
The bandgap value decreases from 3.34 eV (XGS-BCO) to 2.32 eV (XGS-Fe(III)-0.4 M) due to
the presence of delocalized states in the transition metals, thereby enhancing the generation of
photodegraded electron hole-pairs [112]. Photoluminescence spectroscopy findings confirmed that
the presence of Fe(III) strongly suppresses recombination of the photogenerated electron–hole pairs,
with a consequent increase in photocatalytic activity [113].
A particle diameter of 0.025 mm was selected to study TNZ degradation under solar radiation.
Figure 10 depicts the degradation results obtained by solar radiation and solar/XGS-Fe(III) systems.
Similar results were obtained by direct photolysis (41.3%) and XGS-BCO (45.62%); however, 68.46%
TNZ degradation was obtained with XGS-Fe(III)-0.4 M, and 98.38% with XGS-Fe(III)-0.4 M irradiated
for 30 min before the treatment.Catalysts 2020, 10, x FOR PEER REVIEW 18 of 66 
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Figure 10. Degradation kinetics of tinidazole (TNZ). [TNZ]0 = 25 mg/L, T = 25 ◦C, pH in = 7, XGS-BCO
and XGS-Fe(III)-0.4 M = 1 g/L (reproduced from [76] with permission of Elsevier, 2018).
Table 9 describes the effects of different operating variables on TNZ photodegradation, showing:
(i) greater degradation when XGS is doped with higher Fe(III) concentrations; (ii) no influence of
particle size on rate constants, consistent with their similar textural properties (Table 8); (iii) a greater
on umption of radicals at higher init al pollutant concentrations, r ducing the degrad tion
efficacy [114]; (iv) a marked increase in percentage TNZ degradation rate at higher photoc talyst doses;
(v) a higher TNZ degradation rate at neutral pH, because HO• radicals, largely produced by β-FeOOH
phase of XGS, are likely inhibited at acid pH (2) through the addition of H+ ions, and also at basic
pH (10), because the HO• radicals produced react with OH− in the medium, generating HO2• radicals
and thereby reducing the degradation efficacy [114]; and (vi) significant changes in percentage TNZ
removal due to the exposure of XGS-Fe(III)-0.4 M to solar radiation before the degradation process in
comparison to unexposed XGS-Fe(III)-0.4 M.
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Table 9. TNZ degradation under different operating conditions. T = 25 ◦C, time = 1 h. k values are
fitted to a first-order kinetic model (adapted from [76] with permission of Elsevier, 2018).
[TNZ]0 XGS [Fe(III)] b Particle Size pH k × 103 Degradation
mg/L g/L M nm min−1 %
25 0 0 0 7 8.63 41.03
25 1 a 0 0.025 7 9.66 45.62
25 1 9 × 10−5 0.025 7 9.83 45.91
25 1 0.2 0.025 7 12.27 51.37
25 1 0.4 0.025 7 18.85 68.46
25 1 0.4 0.015 7 18.91 69.01
25 1 0.4 0.050 7 17.73 68.25
15 1 0.4 0.025 7 25.37 78.81
15 0 0 0 7 14.24 56.07
40 1 0.4 0.025 7 7.00 35.75
40 0 0 0 7 7.90 30.89
25 0.5 0.4 0.025 7 9.30 43.46
25 5 0.4 0.025 7 28.74 83.54
25 1 0.4 0.025 2 9.40 42.88
25 1 0.4 0.025 10 12.75 53.54
25 0 0 0 2 6.37 32.46
25 0 0 0 10 8.65 41.26
25 1 c 0.4 0.025 7 62.94 98.38
25 1 d 0.4 0.025 7 40.19 92.47
25 1 e 0.4 0.025 7 28.72 83.53
a XGS-BCO. b Refers to the concentration of Fe(III) in solution during chemical synthesis. c Irradiated for 30 min.
d Irradiated for 60 min. e Irradiated for 90 min.
Quantification of the radicals generated during TNZ degradation in the solar/XGS-Fe(III)-0.4 M
system showed that this photocatalyst degrades TNZ in an aqueous solution by promoting the
formation of HO• and O2•− radicals. The byproducts are of lower molecular weight in comparison to
TNZ and were found to have no toxic effects on HEK-293 cells [76].
Figure 11 depicts the proposed photocatalytic mechanism of XGS-Fe(III)-0.4 M under solar
radiation. Accordingly, in the photocatalytic process with iron oxy-hydroxide, HO• can be generated
by the following mechanisms (reactions (29)–(35)):
(1) Photoredox reaction between OH groups on the catalyst surface and the iron.
Fe(III) −OH + hν → Fe (II) + HO• (29)
(2) Formation of Fe(III)−O• due to the presence of Fe(III), which may induce the generation of HO•
and H• radicals.
Fe(III) −OH + hν → Fe (III) −O• + H• (30)
(3) Generation of electron–hole pairs (e−-h+) by photons from the solar light that reaches the catalyst
(reaction (31)); contact of the photogenerated electrons with pollutant or O2 molecules would
reduce them to O2•− radicals, which react with water molecules and produce more radical species
to enhance TNZ degradation (reactions (32) and (33)) [115].









+ H2 O → Fe (III)OH + H+ + HO• (32)
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Fe(III)OH(e) + O2 → Fe (III)OH + O•−2 (33)
(4) O2 reduction by photogenerated electrons (e−CB) on the XGS-Fe(III) surface via the conduction
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Figure 11. Proposed mechanism for TNZ degradation with XGS-Fe(III)-0.4 M photocatalyst under
solar irradiation in aqueous solution (reproduced from [76] with permission of Elsevier, 2018).
XGS-Fe(III)-0.4 M can only be utilized once, given that the percentage degradation after four cycles
is lower than the percentage achieved by direct photolysis, attributable to the absence of OH surface
groups and the presence of Fe(II) in reutilized samples [117]. However, although XGS-Fe(III)-0.4 M
does not behave as a true photocatalyst, its utilization is viable because it is inexpensive, readily
synthesized, and easy to handle.
2.4. Ruthenium Metal Complexes
The development of photosensitizers to enhance sunlight photooxidation is a cutting-edge research
line because of the possibility of obtaining more economically sustainable technologies. A large number
of transition metal–organic complexes (MOCs) have been studied as photosensitizers due to their
photochemical properties [118].
Ru(II) complexes with ligands derived from 2,2′-bipyridine or 1,10 phenanthroline are ideal for
utilization as photosensitizers due to their: (i) high light absorption in the visible region of the spectrum;
(ii) efficiency (nearly 100%) to transform from ground-state to excited triplet state, (iii) long half-life
in an excited state, and (iv) elevated quantum performance in producing singlet oxygen (1 [O2]*),
which behaves as an oxidizing agent [118,119].
The role of 1 [O2]* in the degradation of the antibiotic chlortetracycline (CTC) by direct and
indirect photooxidation under solar radiation was evaluated to explore the mechanism of action of the
photosensitizer and the CTC degradation pathway. Three ruthenium MOCs, cis-Bis (2,2′-bipyridine)
dichlororuthenium(II) hydrate (Ru2B), tris-(2,2′-bipyridine) ruthenium(II) chloride hexahydrate (Ru3B),
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and tris-(1,10 phenanthroline) ruthenium(II) chloride hydrate (Ru3P) were used as photosensitizers
to promote the generation of 1 [O2]* in indirect photooxidation. Photodegradation experiments in a
solar simulator were used to determine the effect on percentage CTC degradation of the initial CTC
concentration, photosensitizer type, and solution pH [73].
Table 10 exhibits the results of CTC degradation by direct photolysis under different operating
conditions. CTC photooxidation follows first-order kinetics, and an increase in CTC concentration
reduces the maximum percentage degradation (M%Deg) and rate constant (kap,F), attributed to a
reduction in the radiant energy absorbed by each pollutant molecule.
Table 10. Chlortetracycline (CTC) photolysis under different operating conditions: kinetic parameters
and maximum percentage degradation (adapted from [73] with permission of Elsevier, 2016).
CCTC0 pHin M%Deg Kap,F × 102
mg/L min−1
15 7 25.29 0.36
25 7 21.74 0.29
35 7 16.58 0.16
25 2 9.00 0.27
25 11 44.39 5.44
Figure 12a displays the concentration decay curves for CTC degradation with Ru(II) MOCs,
showing that the degradation rate is increased by adding Ru3B and Ru3P complexes, obtaining a
maximum percentage degradation of 66.53 and 55.21%, respectively. These two complexes produce,
respectively, 5.8- and 5.4-fold higher degradation rates in comparison to direct photolysis under the
same experimental conditions (Tables 10 and 11). However, the presence of the Ru2B complex inhibits
the M%Deg and degradation rate (Figure 12a). According to the results depicted in Figure 12b, the rate
constant and M%Deg increase proportionally to the ability of MOCs to react with photons in the
solution and transfer the energy to other species there. The highest increase in rate was observed with
Ru3B, attributable to its higher molar absorption coefficient [73].Catalysts 2020, 10, x FOR PEER REVIEW 21 of 66 
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Figure 12. (a) CTC degradation with Ru(II) transition metal–organic complexes (MOCs). (#) Photolysis;
() Ru2B; (•) Ru3B; (N) Ru3P. CCTC0 = 25 mg/L, CMOC = 0.0134 mM, pH = 7 and T = 298 K. (b) Correlation
of kinetic constant (#) and M%Deg () with molar absorption coefficient. Lines represent the linear fit
of the data (reproduced from [73] with permission of Elsevier, 2016).
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Table 11. Operating conditions, kinetic parameters, and maximum percentage degradation by CTC






Ru2B 0.0134 7 16.19 0.15
Ru3B 0.0134 7 66.53 1.69
Ru3P 0.0134 7 55.21 1.56
Ru3B 0.0067 7 59.31 1.12
Ru3B 0.0268 7 72.82 3.49
Ru3B 0.0134 2 49.99 1.59
Ru3B 0.0134 11 51.50 10.02
The Ru3B complex was selected to study the effect on CTC photodegradation of sensitizer dose.
Tables 10 and 11 show that the rate constant for Ru3B-assisted CTC degradation is 3.9-, 5.8-, and 12-fold
faster in comparison to the rate constant for direct photolysis. There is also an increase in M%Deg
at higher Ru3B complex concentrations because they favor and enhance the transfer of energy to
molecules in the system and because the reaction of the excited molecules with other chemical species
can produce degradation byproducts (Equations (36)–(39)).
Sens + Light → Sens • (36)
Sens∗ + Q → Sens + Q∗ (37)
Q∗ + R → Products (38)
Q∗ → Q + ∆E (39)
Results in Table 11 show the effect of solution pH on CTC photodegradation in the presence of
Ru3B. The photosensitized degradation rate is highly pH-dependent, as also found for direct photolysis
(Table 10). A rise in solution pH from 2 to 7 and 11 produces a 1.1- and 6.3-fold increase in the rate
constant, respectively. Comparison of M%Deg in direct (Table 10) versus sensitized CTC photolysis
(Table 11) shows that the presence of Ru3B produces a significant increase in M%Deg at pH values
of 2 and 7, but a minimal increase at pH 11. The reduced Ru3B efficacy at pH 11 can be explained
by i) interference between CTC and degradation byproducts produced by oxidizing species formed
from Ru3B [120,121] and ii) the recombination of oxidizing species such as HO• and 1 [O2]* through
reactions (40)–(43).
1[O2]∗ → 3[O2] + hν (λ = 1270 nm) (40)
21[O2]
∗
→ 23[O2] + hν (λ = 634 nm) (41)
2HO• → O2 + H2 (42)
HO• + O•2 →
1[O2]∗ + OH (43)
The capacity of the Ru3B complex to enhance 1 [O2]* formation in aqueous solution makes a
significant contribution to CTC degradation, as demonstrated by the proportional decrease in CTC
degradation rate with lower levels of dissolved oxygen. Figure 13 depicts the proposed mechanism of
action of Ru3B in CTC photodegradation. Ru3B plays a major role as a reaction catalyst because it
returns to its ground-state after participating in CTC degradation. According to high-resolution mass
spectrometry analysis, degradation byproducts are produced by reduction–oxidation processes and
the loss of functional groups.
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2.5. rGO Metal Oxide Composites
Graphene/metal oxide composites have attracted interest in the field of environmental remediation
and water treat ent because of their exceptional properties [122]. Reduced graphene oxide (rGO),
a derivative of graphene oxide, is highly effective for photocatalytic reactions. In this way, rGO
has been combined with different metal oxides (TiO2, ZnO, Cu2O, Bi2WO6, etc.) and found to be
a very effective photocatalyst for the degradation of different pollutants from water and to prevent
corrosion and leaching of the metal oxide nanoparticles in water [80,81,123]. A series of rGO/TiO2 [81]
and rGO/Bi composites [80] with different rGO contents were exhaustively characterized, and their
structural, chemical, and electronic properties were compared with their photocatalytic activity in the
degradation of organic pollutants in aqueous solution.
Table 12 summarizes results for the textural characterization and bandgap energy of the above
composites. TiO2 has higher SBET, V0, and V0.95 values in comparison to P25, possibly due to the
smaller size of TiO2 nanoparticles, as observed in XRD analysis [81]. The addition of rGO sheets hinders
the agglomeration of TiO2 particles and augments the surface area and pore volume of % rGO-TiO2
composites. The surface area and porosity are larger in rGO-TiO2 versus rGO-P25 composites, whereas
the surface area of % rGO/Bi composites (range, 17–26 m2/g (Table 12) indicates that these materials are
not porous. The larger surface area of the composites in comparison to the original Bi salt is attributable
to the addition of GO, which improves the dispersion of the salt on the GO surface.
Electronic properties of the composites were studied by diffuse reflectance UV–vis spectroscopy,
calculating the Eg value with the equation of Kubelka–Munk [72]. Table 12 exhibits the bandgap
energy for TiO2, rGO-TiO2, and rGO/Bi samples, showing that the Eg decreases from 3.20 eV for TiO2
to 2.55 eV for 30% rGO-TiO2 and is narrower at higher % rGO values. However, the Eg results for
rGO/Bi composites show a significant increase with higher % rGO to a maximum of 35%, followed
by a decrease at a higher % rGO. These findings show that the rGO content influences the optical
properties of TiO2 and Bi2O3, attributable to the formation of Ti-O-C and Bi-O-C bonds, respectively,
during hydrothermal treatment of the composites, similar to results obtained for other materials [124].
The crystallographic nature of the composites was studied by XRD, and Figure 14 depicts the
XRD patterns for synthesized TiO2 nanoparticles and % rGO-TiO2 composites. Peaks of 2θ at 25.26◦
and 47.95◦ for TiO2 confirm its anatase structure, and the absence of peaks assigned to rutile indicate
that it is in the pure anatase phase. The complete disappearance of the peak at 10.78◦ for GO in all
samples suggests that GO is successfully converted to rGO in the final composites [124]. The mean
crystal size is smaller in rGO/TiO2 composites (range, 19.7–17.6 nm) than in TiO2.
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Table 12. Textural characteristics and bandgap energy (Eg) of rGO/metal oxide catalysts (adapted
from [80,81]).
Sample SBET
a V0 b V0.95 c Eg
m2/g cm3/g cm3/g eV
TiO2 81.5 0.030 0.375 3.20
4% rGO-TiO2 89.1 0.032 0.289 3.09
7% rGO-TiO2 97.7 0.036 0.242 2.75
10% rGO-TiO2 106.3 0.039 0.282 2.63
30% rGO-TiO2 141.1 0.051 0.273 2.55
P25 57.0 0.020 0.138 -
4% rGO-P25 62.0 0.023 0.157 -
7% rGO-P25 66.8 0.024 0.171 -
10% rGO-P25 71.4 0.026 0.190 -
30% rGO-P25 115.9 0.043 0.236 -
Bismuth
subnitrate 0.27 - - -
5% rGO/Bi 26 - - 3.51
10% rGO/Bi 17 - - 3.57
20% rGO/Bi 20 - - 3.73
30% rGO/Bi 21 - - 3.76
35% rGO/Bi 21 - - 3.76
40% rGO/Bi 20 - - 3.33
50% rGO/Bi 21 - - 3.04
a Surface area determined by N2 adsorption at −196 ◦C. b Micropore volume from DR equation applied to
N2 adsorption isotherms at −196 ◦C. c Total pore volume from N2 adsorption isotherms at −196 ◦C and 0.95
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Figure 14. XRD patterns for rGO-TiO2 composites (reproduced from [81]).
XRD patterns in Figure 15 show marked changes in 5% rGO/Bi composite when Bi salt is added
and GO is reduced. The mean crystal size of the 5% rGO/Bi sample is 17.9 nm. This series of
composites show a reduction in main peak intensity with higher % rGO, reflecting the decrease in
composite crystallinity.
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Figure 15. XRD patterns of graphite, graphene oxide, and 5% rGO/Bi (reproduced from [80]).
FTIR spectra of TiO2 and rGO-TiO2 composites indicate the presence of Ti-O-Ti bonds in TiO2 and
a combination of Ti-O-Ti and Ti-O-C vibrations in composites (peaks below 1000 cm−1), attributable
to chemical interactions between TiO2 and rGO. FTIR spectra of P25 and rGO-P25 composites show
similar results [81]. Raman spectra of rGO-TiO2 composites indicate the persistence of the structure of
rGO in the composites and show the formation of Ti-O-C on their surface. The ID/IG ratio increases
in the order GO < rGO < rGO-TiO2, indicating a reduction in the sp2 domains formed during the
hydrothermal reaction [124]. The smallest increase in this ratio is observed for the 7% rGO-TiO2
composite. Comparison of XPS findings between rGO-TiO2 composite materials and GO reveals an
increased percentage of C=C and a reduced percentage of oxygenated groups, possibly attributable to
the nucleation and growth of TiO2 nanoparticles in GO sheets, in which C-O groups are consumed and
partially reduced to C=C [125]. Finally, results also show a higher Ti/C ratio in 7% rGO-TiO2 than in
the other composites, indicating that rGO sheets are better dispersed in the TiO2 matrix.
FTIR results for 5% rGO/Bi reveal a major reduction in the stretching vibration of C=O groups,
confirming the GO reduction. In this case, peaks below 1000 cm−1 can be assigned to metal–oxygen
vibrations, showing that Bi is well-functionalized on the rGO surface [80]. Raman spectra results for
5% rGO/Bi composite also indicate that GO in rGO/Bi sample is well deoxygenated and reduced. XPS
results for 5% rGO/Bi show an increase in sp2 C after the synthesizing process (from 29% for GO to
57.3% for the composites), confirming that GO reduction promotes the recovery of sp2-hybridized
carbon structures.
% rGO-TiO2 composites were used as photocatalysts for ethylparaben (EtP) degradation from
water under UV radiation [80]. Direct photolysis of EtP under UV radiation alone achieves 61.5%
degradation after 40 min of irradiation (Table 13).
The efficacy of catalytic EtP photodegradation decreases in the following order: 7% rGO-TiO2 >
4% rGO-TiO2 > 10% rGO-TiO2 > TiO2 > 30% rGO-TiO2 > UV (Table 13), showing that the presence of
GO in TiO2 composites favors EtP photodegradation. There is always a higher percentage degradation
of EtP than of TOC (Table 13); therefore, the catalytic treatment does not mineralize all of the degraded
pollutants, producing byproducts of lower molecular weight than EtP. There is a rise in photocatalytic
activity when the % rGO increases from 4 to 7% and a decline when it increases to 10%, with an even
greater decline for the 30% rGO-TiO2 composite, which has lesser activity than that of TiO2. Among the
rGO/TiO2 composites, 7% rGO/TiO2 has the smallest crystal size (17.6 nm) and the lowest ID/IG ratio
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(0.95). More active sites are exposed to light when the crystal size is smaller, while a lower ID/IG
ratio indicates a larger proportion of C atoms with sp2 hybridization, favoring electronic conductivity.
The photocatalytic activity of commercial P25 (anatase and rutile) is lower than that of the prepared
TiO2 (pure anatase), which may result from the larger surface area (Table 12) and smaller crystal size of
TiO2 in comparison to P25. For this reason, rGO-P25 composites are less active to photodegrade EtP in
comparison to the corresponding rGO-TiO2 composites (Table 13).
Table 13. Experimental results of ethylparaben (EtP) photodegradation under UV radiation in the
presence of prepared rGO-TiO2 composites [EtP]0 = 0.30 × 10−3 mol/L, [catalyst]0 = 0.7 g/L (adapted
from [81]).
Sample t1/2
a t90% b K c EtP40 min d TOC40 min e
min min min−1 % %
UV 30.2 100.4 0.023 61.5 14.0
TiO2 22.4 75.2 0.031 72.5 21.8
4% rGO-TiO2 10.4 34.4 0.067 95.4 44.7
7% rGO-TiO2 7.2 23.9 0.096 98.6 56.6
10% rGO-TiO2 17.2 57.4 0.040 82.4 34.5
30% rGO-TiO2 28.9 96.1 0.024 60.7 24.9
P25 28.1 93.3 0.025 64.5 -
4% rGO-P25 21.9 72.9 0.032 74.4 -
10% rGO-P25 34.5 114.6 0.020 53.3 -
a Time required to halve the initial concentration of EtP. b Time required to degrade 90% of the initial concentration
of EtP. c Degradation rate constant. d Percentage degradation after 40 min. e Percentage mineralization after 40 min.
Table 14 exhibits the results of the photocatalytic degradation of sulfamethazine (SMZ) under solar
radiation in the presence of rGO/Bi composites. SMZ is not degraded in the absence of photocatalyst,
while SMZ degradation is highest with 5% rGO/Bi and then decreases at higher percentages of rGO,
when rGO particles can act as recombination center or cover active sites on the Bi2O3 surface through
the aggregation of rGO/Bi composites, blocking light to the surface of composites [126]. The 5%
rGO/Bi catalyst retains practically all of its activity after three photodegradation cycles, with no
morphological or structural changes. Finally, the cytotoxicity study showed greater cell viability for
SMZ photodegradation byproducts obtained in the presence of 5% rGO/Bi under solar radiation than
for the original SMZ.
Table 14. Sulfamethazine (SMZ) degradation parameters for the different rGO/Bi composites (from [80]).
% rGO









3. Catalysts Used in Pollutant Ozonation
Advanced oxidation processes have been developed to increase the efficacy of ozone treatment
based on the generation of HO• radicals [127,128]. Solid catalysts have been proposed to increase
the extent of ozonation [129,130]. ACs, metal-doped carbon aerogels, and basic treated zeolites
were studied.
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3.1. Activated Carbons
AC is a promising ozonation catalyst because of its chemical and textural properties and low
cost [39,131]. The following groups of AC samples were studied for this purpose: (i) commercial ACs,
(ii) ozonized ACs, (iii) nitrogen-enriched ACs, and (iv) ACs from petroleum coke.
The commercial ACs studied [40] were Filtrasorb 400, Sorbo, Merck, Ceca GAC, Ceca AC40, Norit,
and Witco, whose characteristics are reported in Table 15.
Table 15. Characterization of activated carbons (reproduced from [40] with permission of Elsevier, 2002).
Activated Carbon
SN2 a V2 b V3 c pHPZC Acid Groups d Basic Groups e Ash
m2/g cm3/g cm3/g µeq/g µeq/g %
F400 1075 0.11 0.26 7.91 234 570 6.6
Sorbo 1295 0.06 0.37 9.42 88 1713 5.9
Merck 1301 0.09 0.26 7.89 114 582 5.2
Ceca GAC 966 0.13 0.16 6.83 323 99 12.0
Ceca AC40 1201 0.07 0.32 5.29 438 102 8.3
Norit 968 0.10 0.42 9.18 139 2050 4.8
Witco 808 0.04 0.05 6.85 183 253 0.3
a Apparent surface area determined applying the BET equation to N2 adsorption isotherm. b Volume of pores
with a diameter of 50 to 6.6 nm. c Volume of pores with a diameter above 50 nm. d Determined by NaOH (0.1 N)
neutralization. e Determined by HCl (0.02 N) neutralization.
The highest ash content (12%) was observed in Ceca GAC carbon and the lowest (0.3%) in Witco
carbon (Table 15). High Fe (6.32%) and Al (8.41%) contents were found in Filtrasorb 400 ash, while Norit
and Sorbo have low Fe and Al contents, but a substantive proportion of Mg and Ca (9–10% each).
A high P content (4.11%) was observed in Ceca GAC alone. Ti was detected in Filtrasorb 400 and Merck
ash samples at a concentration of 1% and Mn was found in Norit ashes at 0.25% and in Sorbo ashes at
0.13%. These metals often serve as catalysts in oxidation processes. Thus, Ti is favored as a catalyst in
photocatalysis [132], and low concentrations of MnO2 were used by Ma and Graham [33] to enhance
chlorobenzene degradation by ozone.
Figure 16 shows the experimental results of NTS ozonation in the presence of the ACs, which all
increase the ozonation rate. Sorbo, Norit, and Ceca GAC carbons produce a major increase in
NTS degradation rate, whereas Witco AC has a lower effect. The higher NTS ozonation rate in the
presence of these ACs may be attributable to an increased HO• concentration. The ozone-NTS direct
reaction constant is 6.72 M−1 s−1, whereas the indirect reaction (free radical reaction) constant is
3.7 × 109 M−1 s−1. Therefore, the radical reaction is more effective in oxidizing NTS. Similar results
were obtained when these ACs were used in the ozonation of nitroimidazoles and surfactants [56,57,62].
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The ACs with the highest pHPZC values and concentrations of basic surface groups produce the
greatest increase in NTS ozonation rate (Table 15); however, this rate is not clearly related to the SN2
of the AC. The most effective carbons to degrade NTS (Sorbo and Norit) have the largest volumes of
macropores (Table 15), which behave as transport pores and favor the access of ozone to the carbon
surface, reducing diffusion limitations. In this way, the low catalytic activity of Witco carbon may be in
part attributable to their low V2 and V3 values.
ACs are heterogeneous materials with numerous surface groups and a variety of pore size
distributions; however, the above findings indicate that their catalytic activity in NTS ozonation is
largely a function of their basicity. Their basicity derives from the presence of basic oxygen-containing
functional groups (e.g., pyrone or chromene) and/or graphene layers acting as Lewis bases and forming
electron donor–acceptor (EDA) complexes with H2O molecules. The latter basic sites are localized
at π electron-rich regions within the basal planes of carbon crystallites and away from their edges.
This delocalized π electron system can act as a Lewis base in aqueous solution (reaction (44)):
−Cπ + 2 H2 O→ CπH3O+ + OH (44)
Hence, the delocalized π electron system of basic carbons and oxygenated basic groups (chromene
and pyrone) would behave as catalytic reaction centers and reduce ozone molecules to OH− ion and
hydrogen peroxide according to the following reactions:
O3 + H2O + 2e → O2 + 2OH (45)
(46)
Both OH− and hydrogen peroxide act as initiators of ozone decomposition in aqueous phase [133].
The presence of Sorbo (pHPZC = 9.42) and Norit (pHPZC = 9.18) produces higher NTS degradation
rates because they have greater reducing properties, favoring reactions (45) and (46) and enhancing the
decomposition of ozone into highly oxidative radicals.
The total NTS ozonation degradation rate in the presence of AC was considered as the sum of the
homogeneous reaction rate in the absence of AC, (−rM)homo, and the heterogeneous reaction rate in the
presence of AC, (−rM)hetero, mathematically expressed as:















Heterogeneous reaction constants were determined as previously described [54] (Table 16). Thus,
khetero values can be considered as a measure of the catalytic activity of ACs in NTS ozonation.
Table 16. Heterogeneous reaction constants for original and demineralized ACs according to the
proposed model (adapted from [54] with permission of Elsevier, 2005).
Activated Carbon
kobs khetero (khetero)demi
s−1 (mol/L)−1 s−1 (mol/L)−1 s−1
F400 0.0115 134.6 106.1
Sorbo 0.0152 189.4 142.3
Merck 0.1005 114.4 105.7
Ceca GAC 0.0155 195.2 90.4
Ceca AC40 0.0086 95.2 88.5
Norit 0.0653 210.5 190.4
Witco 0.0085 94.2 94.2
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Study of the association between the khetero value (Table 16) and chemical characteristics (Table 15)
of ACs revealed a greater increase in NTS degradation with ACs having a high ash content and elevated
concentration of basic groups, which are both catalytic centers that can decompose the ozone into
highly reactive species. The highest khetero values are observed in Norit, Sorbo, and Ceca GAC carbons.
Ozonation experiments were conducted in the presence of demineralized carbons to determine the
contribution of the ash to the heterogeneous NTS ozonation rate. ACs were demineralized with HCl
and HF, as previously described [134]. As an example, results obtained for original and demineralized
Ceca GAC samples are shown in Figure 17. The degradation rate is lower after demineralization in all
ACs except for Witco because of its very low ash content (Table 15). These findings confirm the positive
contribution of the mineral matter in ACs through their catalytic effect in NTS ozonation. All metals
that have demonstrated catalytic activity in organic compound ozonation are found in the ACs under
study, but the participation of each metal in the catalytic ozonation of NTS is difficult to evaluate.
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contributions from the global removal percentage in the UV/AC system (Equation (1)) (Table 5). %S / = %D / −%D −%A  (1) 
where %SUV/AC is the %DTZ removal due to the synergic effect of the presence of AC and UV 
radiation, %DUV/AC is the total %DTZ removal by photocatalysis, %DUV is the %DTZ degradation by 
direct photolysis, and %AAC is the %DTZ removal by AC adsorption. 
  
, untreated; (), demineralized (reproduced
from [40] with permission of Elsevier, 2002).
It has been shown that the demineralization of carbons does not substantially affect their
concentration of basic surface groups [135], and the pHPZC of the demineralized ACs is highly similar
to that of the original ACs. Hence, a linear relationship was observed between their heterogeneous
reaction constant and their surface concentration of basic groups (Figure 18). However, the ordinate in
the origin is not zero, indicating that other features of the surface chemistry of ACs, in addition to the
basic groups, contribute to their catalytic effect in NTS ozonation.
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In the presence of AC, ozonation can oxidize micropollutants by direct reaction with the ozone or
by HO• radicals generated by the interaction of the ozone with the AC surface. The concentration of
both oxidants must be known in order to calibrate this process with respect to its oxidation capacity.
Previous studies have developed an experimental method for measuring concentrations of ozone and
HO• radicals with conventional ozonation or with the AOP O3/H2O2 [136]. The Rct value is the ratio






This ratio indicates the efficacy of ozone transformation into HO• radicals in a given system.
The Rct is calculated by measuring the reduction in a probe compound that reacts quickly with HO•,
but not ozone and by measuring the ozone concentration at the same time.
The influence of operational parameters was examined by conducting ozonation experiments
in the presence of AC at ozone concentrations ranging between 2 × 10−5 and 6 × 10−5 M (1–3 mg/L)
and AC doses ranging between 0.01 and 0.85 g/L) [55]. The efficacy of HO• radical formation
was identified by adding sodium para-chlorobenzoate (pCBA) as HO• radical probe compound.
pCBA has a low reactivity with ozone (kO3 = 0.15 M−1 s−1) and a high affinity for HO• radicals
(kHO• = 5.2 × 109 M−1 s−1).
The concentration of dissolved ozone in the system was evaluated because the potential to oxidize
micropollutants is increased at high concentrations, which also augments the formation of oxidation
byproducts, e.g., bromate [137]. In addition, elevated O3 exposure is required in disinfection systems,
but not necessarily in systems designed to generate HO• radicals. Table 17 displays the Rct values
obtained in each experiment. It shows that this value is increased when AC F400 is present during pCBA
ozonation, largely attributable to the increased rate constant for ozone decomposition (kD), determined
following a first-order kinetic model. Hence, the presence of AC promotes the transformation of ozone
into HO• radicals, and a major increase in Rct value is observed at higher concentrations of dissolved
ozone in the O3/AC system.
It is important to determine the minimum AC dose needed to transform ozone into HO• radicals.
A higher AC dose in the system also increases the pCBA oxidation rate, and a higher rate of ozone
decomposition is observed when the AC dose is increased (Table 17, Experiments 2, 5–7). Plotting
the kD or Rct values against the AC dose shows a large increase at higher doses. According to these
findings, the dose of AC is a key factor in the transformation of ozone into HO• radicals.
Table 17. Rct values from experiments conducted at pH 7 in Milli-Q water ([NaH2PO4] = 5 × 10−3 M,
[t-BuOH] = 8 × 10−5 M) (reproduced from [55] with permission of Elsevier, 2005).
Experiment Sample Carbon Dose [O3] kD Rctg/L M s−1
1 Without carbon 0.00 2 × 10−5 6.0 × 10−4 2.7 × 10−9
2 F400 0.50 2 × 10−5 3.2 × 10−3 1.2 × 10−8
3 F400 0.50 4 × 10−5 3.6 × 10−3 1.6 × 10−8
4 F400 0.50 6 × 10−5 4.0 × 10−3 4.7 × 10−8
5 F400 0.01 2 × 10−5 6.1 × 10−4 3.0 × 10−9
6 F400 0.25 2 × 10−5 9.0 × 10−4 6.0 × 10−9
7 F400 0.85 2 × 10−5 8.0 × 10−3 5.7 × 10−8
10 F400-1 0.50 2 × 10−5 2.9 × 10−3 1.4 × 10−8
11 F400-2 0.50 2 × 10−5 2.6 × 10−3 1.5 × 10−8
12 F400-3 0.50 2 × 10−5 2.4 × 10−3 1.5 × 10−8
13 F400-10 0.50 2 × 10−5 1.0 × 10−3 5.6 × 10−9
14 F400-120 0.50 2 × 10−5 4.0 × 10−4 3.8 × 10−9
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Oxidation experiments were carried out with pre-ozonated ACs (F400-1, F400-2 and F400-3) to
determine changes in AC activity during ozonation [55]. It was observed that AC activity to transform
ozone into HO• radicals is not affected by the ozone treatment applied, finding highly similar Rct
values for all three samples (Table 17, Experiments 2, 10–12). The behavior of the AC in prolonged
ozone treatments was studied by subjecting AC samples to a much more drastic ozonation treatment
(F400-10, F400-120). These ACs showed an important reduction in their activity to transform ozone into
HO• radicals with a longer treatment time (Table 17, Experiments 2, 13, 14). The Rct value is reduced
from 1.2 × 10−8 (untreated) to 3.8 × 10−9 when the AC undergoes 120 min of gas-phase ozonation.
According to these findings, ozone oxidation decreases the AC’s catalytic properties by increasing the
number of acidic oxygenated surface functional groups [55]. The electronic density of the graphene
layers is diminished by these (electron-withdrawing) groups, decreasing its reductive properties and
reactivity with ozone. Hence, it appears that the AC is not a true catalyst for ozone transformation but
behaves as a conventional initiator or promoter in the transformation of ozone into HO• radicals.
As already noted, the combination of ozone and AC is an appealing technique for removing toxic
organic compounds from waters through the AC’s capacity to transform ozone into HO• radicals with
higher oxidant power. This capacity is related to the AC’s porous texture, surface chemistry (basic
groups), and mineral matter. Accordingly, AC from petroleum coke and nitrogen-enriched ACs were
prepared in our laboratory to enhance ozone transformation into HO• radicals [53,59].
Petroleum coke is a residue of the petrochemical industry, with around 4 tons being produced
in the refining of 100 tons of crude oil. It cannot be used in production processes due to its elevated
concentration of heavy metals (Ni, V, Fe), but this feature means that petroleum coke is an attractive
material for utilization in the ozonation of aromatic pollutants. Table 18 shows the results of the textural
characterization of the ACs prepared with different KOH/coke mass ratios, showing that the porosity
of all samples is markedly developed by their activation, augmenting the volume of micro- (Vmic),
meso- (V2), and macropores (V3). Activation of the coke also modifies its chemical nature (Table 18).
Thus, the original material is mildly acid (pHPZC = 6.5), whereas the pHPZC of KOH-activated coke
ranges from 8.4 for sample C-1 to 9.7 for sample C-4. This is largely due to the generation of basic
surface groups during the activation process, which increases with a higher KOH/coke ratio.
Table 18. Textural characterization of original and activated cokes (adapted from [59] with permission
of Elsevier, 2006).
Sample KOH/Coke SN2 Vmic V2
a V3 b pHPZCm2/g cm3/g cm3/g cm3/g
C 0 <30 0.02 Nil 0.011 6.5
C-1 1 1619 0.55 0.063 0.132 8.4
C-2 2 1261 0.41 0.061 0.154 8.8
C-3 3 1021 0.25 0.058 0.176 9.3
C-4 4 970 0.20 0.051 0.263 9.7
Vmic = micropore volume determined applying Dubinin–Radushkevich equation to CO2 adsorption isotherm.
a Volume of pores with a diameter of 50 to 6.6 nm. b Volume of pores with a diameter above 50 nm.
The khetero value of each carbon sample was calculated to determine the increase in NTS ozonation
produced by its presence (Table 19), showing that the chemical activation process increases the activity
of petroleum coke in NTS ozonation. Thus, the increase in khetero values with respect to that of the
original coke ranges from 83% for sample C-1 to 16% for sample C-4, mainly by developing the porosity
of the coke, which increases access of the ozone to its active surface sites and mineral matter, and by
increasing the surface basicity of the original coke, which favors ozone reduction on its surface and
thereby enhances its transformation into highly oxidant species.
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Table 19. Heterogeneous reaction rate constants of activated coke samples in NTS ozonation (adapted
from [59] with permission of Elsevier, 2006).
Sample C C-1 C-2 C-3 C-4
khetero (mol/L)−1 s−1 57.7 105.8 86.5 76.9 67.3
Ozonation modifies the oxygenated surface groups and metal sites of these ACs and can change
their oxidation state. The Fe 2p3/2 spectrum for samples C-1 and C-1-ozonated shows a 14% increase in
the surface concentration of Fe2O3 on C-1-ozonated. According to these findings, the ozone can attack
Fe(II) metal sites on the carbon surface during NTA ozonation, generating Fe(III) by Equations (49) and
(50). These reactions can also enhance ozone transformation rate into HO• radicals, contributing to the
ozonation of NTS. The main mineral components are Ni and V, and the Ni 2p3/2 and V 2p3/2 spectra show
no modification in their initial oxidation state (Ni in oxidation state +2 and V in oxidation state +5).
O3 + Fe2+ → FeO 2+ + O2 (49)
FeO2+ + H2 O → Fe 3+ + HO• + OH (50)
ACs enriched in basic surface groups were prepared to examine their efficacy for NTS removal [53].
The basic surface groups were generated by treating Witco AC with nitrogenating agents (urea,
ammonia, or ammonium carbonate); the textural characteristics of the samples obtained are displayed
in Table 20. The treatments augment the surface area of carbon W (SN2), especially the urea treatment
(W-U). W-U has increased microporosity due to its gasification by the urea. Table 20 also reports
the pore volume values determined by mercury porosimetry (V2 and V3), showing that treatment
with ammonia (W-A) or ammonium carbonate (W-C) produces a low development of the meso-
and macroporosity, whereas treatment with urea produces a high development of the micro-, meso-,
and macroporosity.
Table 20. Textural characterization of basic activated carbon samples (adapted from [53] with permission
of American Chemical Society, 2004).
Sample SN2 Vmicro V2 V3
m2/g cm3/g cm3/g cm3/g
W 812 0.238 0.040 0.050
W-A 904 0.206 0.047 0.091
W-C 825 0.222 0.042 0.102
W-U 1057 0.289 0.064 0.122
Study of the catalytic activity of the AC samples in NTS ozonation revealed increased activity in
the basic samples. In the sample with the highest catalytic activity (W-U), a large proportion of surface
nitrogenated groups are pyrrole groups, and a small proportion is pyridine groups, indicating that
AC catalytic activity is enhanced by pyrrole-type groups. This may have the following explanation:
the pair of nitrogen electrons in the pyrrole group form part of the ring electronic cloud and are
therefore delocalized among the five atoms of the molecule. Consequently, pyrrole has 6 π electrons on
5 centers, making them π-excessive aromatic rings. Hence, the presence on the AC surface of pyrrole
groups increases the electronic density of its basal plane, increasing its capacity to reduce the ozone
dissolved on its surface (reaction (45)).
In addition, the increase in the π electron system of the AC produced by the pyrrole groups
enhances the interaction with the water molecules (reaction (44)). Both processes generate OH− ions
in the solution, and these behave as initiators of the ozone decomposition into HO• radicals, highly
reactive against NTS, which increases the degradation rate (reactions (51)–(53)).
O3 + OH− → O•−2 + HO
•
2 (51)
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→ HO• + O2 (53)
A study was conducted on the transformation of nitrogen functional groups from an interaction
between ozone and AC surface during NTS ozonation in order to determine their involvement in the
catalytic activity. As an example, Table 21 exhibits the changes observed in sample W-U, showing that
pyridone groups are not affected by ozonation, but a large number of pyrrole-type groups are oxidized
and transformed into N-oxide-type groups.
Table 21. Effect of ozonation on the concentration (%) of nitrogen surface groups on the urea treatment
sample (W-U) (reproduced from [53] with permission of American Chemical Society, 2004).
Sample Pyridine Pyridone Pyrrole N-Oxide
(398.5 ± 0.2 eV) (399.5 ± 0.2 eV) (400.5 ± 0.2 eV) (402.5 ± 0.2 eV)
W-U 8 42 50 -
W-U (ozonated) 7 47 16 30
According to these findings, ozone can attack the pyrrolic groups of AC graphene planes during
ozonation, resulting in N-oxide type groups and hydroperoxide radicals (reaction (54)).
(54)
This reaction accounts for the changes in the pyrrole group during ozonation, which would
contribute to NTS ozonation because the hydroperoxide radical increases the decomposition of ozone
into radicals that can effectively degrade NTS. This may contribute to the higher catalytic activity of
pyrrole groups on the AC surface.
3.2. Metal-Doped Carbon Aerogels
As mentioned above, the chemical and textural characteristics of carbon aerogels and their ready
preparation have led to their utilization in numerous industrial applications [91,138,139]. Thus, carbon
aerogels show high promise for boosting ozone transformation into HO• radicals by taking advantage
of the properties of transition metals, which have contrasting catalytic activities during ozonation,
preventing their dissolution in the medium and separation from the system.
Table 22 exhibits the textural characteristics of the original aerogels (A, A-Co(II)-15, A-Mn(II)-15,
and A-Ti(IV)-15) prepared for utilization as ozonation catalysts [44,61]. They all have a much larger
volume of mesopores (diameter 6.6–50 nm) (V2) and macropores (V3) than of micropores (Vmic).
Some chemical characteristics of carbon aerogels are shown in Table 23. Textural analysis of
aerogel samples treated with ozone (A-Mn(II)-15-1, A-Mn(II)-15-2, A-Mn(II)-15-3, A-Co(II)-15-1 and
A-Ti(IV)-15-1) showed similar SN2, SCO2, V2, and V3 values to those in the non-pretreated samples
(Table 22). According to XPS analysis, all samples show an increased percentage of surface oxygen
with a higher number of ozonation cycles, whereas their pHPZC values remain similar to initial values
(pHPZC = 3–4). The surface oxygen groups produced during ozonation is largely in the form of –C=O
in all aerogel samples. Interestingly, Mn(III) and Mn(IV) are formed in the O3-pretreated Mn-doped
aerogel sample, and the percentage of Mn in oxidation state +4 increases with more pretreatment
ozonation cycles. In samples A-Co(II)-15-1 and A-Ti(IV)-15-1, however, the oxidation state of Co and
Ti stays at +2 and +4, respectively, after ozonation (Table 23).
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Table 22. Textural characterization of basic activated carbon samples (adapted from [44] with permission
of Elsevier, 2006).
Sample SN2 SCO2 Vmicro V2 V3
m2/g m2/g cm3/g cm3/g cm3/g
A 500 200 0.07 0.36 0.68
A-Co(II)-15 562 206 0.07 0.43 0.97
A-Ti(IV)-15 550 203 0.07 0.40 0.92
A-Mn(II)-15 554 210 0.07 0.41 0.95
A-Mn(II)-15-1 540 200 0.07 0.41 0.94
A-Mn(II)-15-2 534 204 0.07 0.40 0.93
A-Mn(II)-15-3 546 206 0.07 0.41 0.95
A-Co(II)-15-1 560 210 0.07 0.41 0.92
A-Ti(IV)-15-1 538 200 0.07 0.38 0.90
Table 23. Chemical characterization of the aerogel samples (adapted from [44] with permission of
Elsevier, 2006).
Sample pHPZC
C O Co(II) Mn(II) Mn(III) Mn(IV) Ti(IV)
% % % % % % %
A 3.5 68 32 - - - - -
A-Co(II)-15 3.8 64 22 14 - - - -
A-Ti(IV)-15 4.3 64 21 - - - - 15
A-Mn(II)-15 4.2 62 22 - 16 - - -
A-Mn(II)-15-1 4.0 54 30 - 10 4 2 -
A-Mn(II)-15-2 4.1 49 35 - 8 4 4 -
A-Mn(II)-15-3 3.9 42 42 - 6 4 6 -
A-Co(II)-15-1 3.9 55 31 14 - - - -
A-Ti(IV)-15-1 4.2 53 32 - - - - 15
Table 24 displays the Rct values for pCBA ozonation in the presence of carbon aerogels and the
corresponding ozone decomposition constants (kD) determined by a first-order kinetic model.
pCBA removal is not enhanced by the presence of the blank aerogel (sample A), and Rct and
kD values are similar to those obtained with no aerogel (Table 24). Hence, the organic matrix of the
aerogel does not contribute to the ozone transformation into HO• radicals. The presence of Mn aerogel
increases the pCBA removal rate, whereas that of Co- or Ti-doped carbon aerogels has practically no
impact. Given the slow reactivity of pCBA against ozone [140] and the slow adsorption kinetics of
pCBA on the aerogel samples [44], the generation of HO• radicals in the system would be largely
responsible for the increased oxidation rate in the presence of Mn aerogel. Furthermore, the lack of
an increase in pCBA removal when the blank (aerogel A) is present corroborates a direct relationship
between the activity of the aerogels to transform ozone into HO• radicals and the presence of the metal
on their surfaces.
Table 24. Determination of Rct value in the different ozonation experiments: pH 7, T 25 ◦C,
[O3] = 2 × 10−5 M, [pCBA] = 8 × 10−5 M) (adapted from [44] with permission of Elsevier, 2006).
Experiment Sample Carbon Dose kD Rctmg s−1
1 Without aerogel 0 6.0 × 10−4 2.68 × 10−9
2 A 2.5 6.2 × 10−4 2.74 × 10−9
3 A-Co(II)-15 2.5 5.8 × 10−4 2.56 × 10−9
4 A-Ti(IV)-15 2.5 6.1 × 10−4 2.73 × 10−9
5 A-Mn(II)-15 2.5 4.2 × 10−3 5.36 × 10−8
10 A-Mn(II)-15-1 2.5 2.6 × 10−3 3.35 × 10−8
11 A-Mn(II)-15-2 2.5 2.1 × 10−3 2.68 × 10−8
12 A-Mn(II)-15-3 2.5 1.4 × 10−3 1.78 × 10−8
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Rct values are 20-fold higher when the Mn aerogel is present during pCBA ozonation, but those
obtained when Co(II) or Ti(IV) are present are similar to the Rct values observed when they are not.
The presence of Mn(II) aerogel during pCBA ozonation also increases the kD value, but the presence of
Co(II) or Ti(IV) aerogels has practically no effect (Table 24, Experiments 2–5). These results confirm
that ozone transformation into HO• radicals is enhanced by the presence of Mn-doped carbon aerogel
during the ozonation.
The mechanism by which the Mn(II) aerogel accelerates the pCBA removal rate was examined
by XPS analysis of samples A-Co(II)-15, A-Mn(II)-15, and A-Ti(IV)-15 after their ozonation (samples
A-Co(II)-15-1, A-Mn(II)-15-1, and A-Ti(IV)-15-1). Tables 22 and 23 exhibit their textural and chemical
characteristics. Notably, the sample that enhances ozone transformation into HO• radicals (A-Mn(II)-15)
is the one showing a post-ozonation increase in oxidation state (Table 23). On this sample, 10% of the
surface Mn is in Mn(II), 4% in Mn(III), and 2% in Mn(IV) forms. However, the oxidation states of Co
and Ti (samples A-Co(II)-15 and A-Ti(IV)-15) are not changed by ozonation (+2 and +4, respectively).
According to these findings, the mechanism underlying the effect of the A-Mn(II)-15 aerogel on ozone
transformation into HO• radicals is based on oxidation–reduction reactions. Hence, in agreement
with results in Tables 23 and 24, the following reactions may be responsible for accelerating this
transformation in the presence of A-Mn(II)-15 aerogel during pCBA:
O3 + Mn2+ →MnO 2+ + O2 (55)
MnO2+ + H2 O →Mn 3+ + HO• + OH− (56)
2Mn3+ + 2H2 O →MnO 2 + Mn2+ + 4H+ (57)
Therefore, ozone transformation into HO• radicals through the oxidation of surface Mn(II) to
Mn(III) and Mn(IV) during the oxidation process accounts for the increased pCBA removal rate.
This agrees with the mechanism proposed by other authors [141,142] for atrazine and oxalic acid
ozonation in the presence of dissolved Mn(II) and MnO2.
3.3. Basic Treated Zeolites
The crystalline network of zeolites, which are aluminosilicates, has cavities containing large
ions and water molecules. Their widely varied chemical and structural composition and regular
porosity make them ideal adsorbents and/or catalysts [143]. Zeolites have been proposed as catalysts of
ozone decomposition in water and have been found to increase the production of free radicals during
ozonation, which may be responsible for the removal of micropollutants from water [144–146]. There is
currently no consensus on the factors that influence these processes, including the catalytic activity of
the metals in zeolites or the ozone concentration of the catalyst. Therefore, we studied ozonation of the
anionic surfactant sodium dodecylbenzene sulfonate (SDBS) as a model pollutant [67], determining the
consumption of ozone and degradation of SDBS with the corresponding rate constants. Based on these
findings, we proposed a reaction mechanism to modify these materials for treatment optimization.
Three types of zeolites were studied, one prepared in our lab and two commercial zeolites:
high-silica zeolite ZSM-5 (SiO2/Al2O3 ratio of 1000, CAS 308081-08-5), supplied by Acros Organics,
and zeolite Z-13X (Na86[AlO2)86(SiO2)106]·xH2O, CAS 63231-69-6), supplied by Sigma-Aldrich. Zeolite
Z-2 was obtained by mixing a molar ratio of 1.51 Na2O, 1.13 Al2O3, 0.26 SiO2, and 17 H2O (Si/Al
theoretical ratio = 0.24) and heating for 2 h at 373 K. Tables 25 and 26 summarize the crystallographic,
elemental, and textural characteristics of all samples.
SDBS removal during ozonation in the presence and absence of the original zeolites is
depicted in Figure 19, and the time course of ozone consumption in Figure 20. SDBS removal
and ozone consumption rate constants are displayed in Table 27. According to these findings,
Z-13X and Z-2 produced a small increase and ZSM-5 a small reduction in the SDBS removal rate.
The increased SDBS removal in the presence of zeolites is related to the higher ozone consumption
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observed during O3/Zeolite treatment. Ozone has low reactivity with SDBS by direct reaction
(kO3 = 3.67 M−1 s−1 [147]); therefore, SDBS degradation is largely due to the generation of HO• radicals
during ozone decomposition [148]. The reaction constant of HO• radicals with SDBS is elevated
(kHO•= 1.16 × 1010 M−1 s−1 [147]), explaining the quick and effective degradation of the surfactant.
Table 25. Textural characteristics of zeolites (reproduced from [67] with permission of Elsevier, 2012).
Sample SN2 W0 (N2)
a W0 (CO2) b L0 (N2) c L0 (CO2) d
m2/g cm3/g cm3/g nm nm
Z-2 7.1 0.037 0.144 2.02 1.00
Z-13X 341.3 0.166 0.184 0.48 0.30
ZSM-5 314.4 0.161 0.245 0.41 0.74
ZSM-5-NaOH 326.4 0.162 0.320 0.70 1.14
a Volume of micropores obtained from the Dubinin–Radushkevich equation applied to N2 adsorption data.
b Volume of micropores obtained from the Dubinin–Radushkevich equation applied to CO2 adsorption data.
c Average micropore width obtained from N2 adsorption isotherms. d Average micropore width obtained from CO2
adsorption isotherms.




Zeolite-A Sodalite ZSM-5 Faujasite
Z-2 97.3 2.7 0 0 11.4 0.89
Z-13X 0 0 0 100 11.1 1.73
ZSM-5 0 0 100 0 2.8 598.50
ZSM-5-NaOH 0 0 100 0 7.3 394.44
Table 27. Ozone consumption and SDBS removal rate constants (reproduced from [67] with permission
of Elsevier, 2012).
Zeolite
Dose Kobs (O3) R2
Kobs (SDBS) R2
(CHO•)het
mg/L s−1 × 103 s−1 × 104 mol/L × 1015
Without zeolite 0 1.27 ± 0.04 0.997 2.75 ± 0.66 0.971
Z-2 100 1.73 ± 0.17 0.984 4.05 ± 1.16 0.959 1.36
Z-13X 100 3.83 ± 0.28 0.993 7.36 ± 1.16 0.975 4.61
ZSM-5 100 2.50 ± 0.21 0.993 2.69 ± 0.37 0.983 0
ZSM-5-NaOH 100 3.24 ± 0.22 0.981 6.25 ± 1.66 0.965 3.55
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Figure 19 shows that SDBS removal in these systems diminishes in the order: O3/Z-13X > O3/Z-2
> O3 > O3/ZSM-5. Therefore, the highest removal rate is obtained by the most basic zeolite with
the largest surface area, Z-13X, underscoring the important role of these parameters in the efficacy
of a zeolite as an ozone decomposition catalyst for the generation of HO• radicals. ZSM-5 obtained
the lowest rate, attributable to its acid character and greater capacity to stabilize dissolved ozone
molecules. However, the consumption of ozone in the presence of SDBS (Figure 20) is more rapid
with the O3/ZSM-5 than with the O3/Z-2 system. This behavior can be attributed to the two possible
contributions of zeolite to ozone consumption: (i) adsorptive contribution (reaction (58)), mainly
influenced by its hydrophobicity and the type and development of its porous texture; and (ii) catalytic
contribution (reaction (59)), which depends on its basicity.
O3 + Z(s)→ Z−O3(s) (58)
Z−O3 + H2 O → Z oxd(s) + O2(ac) + 2HO•(ac) (59)
The hydrophobicity of the zeolite in the O3/ZSM-5 system is high and the basicity low, accelerating
the consumption of ozone by adsorption. The stabilization of ozone on the a sorbent surface hampers
the formation of HO• radicals and, therefore, the degradation of SDBS. In contrast, the adsorbent
hydrophobicity of the zeolite is low in the O3/Z-13X and O3/Z-2 systems, and its basicity is high,
increasing the decomposition of ozone and generation of radicals. These HO• radicals participate in
ozone decomposition in the presence of SDBS (kO3 = 1 × 108– 2 × 109 M−1 s−1 [148]) (reaction (60))
and react with and degrade SDBS (reaction (61)). Consequently, ozone consumption is reduced in
these systems in the presence of SDBS. This increases the efficacy of the system because fewer of the
generated radicals are involved in the chain mechanism of ozone decomposition (reaction (60)).
O3 + HO• → HO•2 + O2 (60)
DBS + HO• → SDBSoxd (61)
In order to increase the catalytic potential of acid zeolite ZSM-5 in SDBS degradation,
SDBS ozonation experiments were conducted in the presence of NaOH-activated ZSM-5 (sample
ZSM-5-NaOH); Figures 19 and 20, and Table 27 exhibit the results.
Figure 19 shows a major increase in SDBS degradation rate (125% increase in kSDBS) with the
NaOH-modified zeolite ZSM-5-NaOH versus the untreated zeolite, but an increase of only 29.6% in
ozone consumption (Table 27). According to findings on the chemical and textural characteristics of the
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samples (Tables 25 and 26), treatment of ZSM-5 with NaOH produces: (i) increased basicity (increased
pHPzc), (ii) widened microporosity, and (iii) reduced hydrophobicity. These changes favor ozone
decomposition into HO• radicals and, therefore, SDBS degradation. As shown in Table 27, an increased
concentration of HO• radicals (CHO·)het available for micropollutant oxidation is produced when Z13-X
and ZSM5-NaOH are present during SDBS ozonation.
4. Recent Results Related to Photocatalysis and Catalyzed Ozonation for Water Treatment Using
Similar Catalysts to Those Studied in Our Project
AOPs are now widely accepted as a good option for removing organic pollutants from
water [149–151]. There has been an exponential growth in research on the utilization of catalyst
materials to increase the efficacy of AOPs, as shown in Figure 21.Catalysts 2020, 10, x FOR PEER REVIEW 38 of 66 
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Figure 21. Trend of publications on advanced oxidation processes (AOP) research for water treatments
over the past five years. Number of articles retrieved using the following search criteria (26/10/2020,
Scopus): material (AC; graphene; aerogel + xerogel; zeolite; or ruthenium), advanced oxidation
water pollutant.
The se rch of Scopus retrieved nearly 6600 research papers on the use of graphene-based materials
in AOPs to treat water and 5000 of these address photocatalysis. This exponential growth in research
is attributable to the exceptional characteristics of graphene, including a large surface area, excellent
charge carrier mobility, sup ior optical transmitt nce, and capacity to generate differe t functional
groups, supporting its usefulness as catalytic support [152,153]. However, challenges must still be
overcome, including the stability of composite materials, their cost, and the limited scalable production
of new graphene-based materials. In addition, the efficient recovery of spent graphene-based material
should be explored to avoid their release into the environment. Several studies are being developed
in parallel to clarify their potential toxic effects on humans and the ecosystem. These effects include
severe lung diseases associated with GO [154], cytotoxicity on human erythrocytes and skin fibroblast
cells [155], and reduced microbial metabolic activity [156,157]. Accordingly, there is a trend towards
the development of 2D or 3D macrostructures (membranes, fibers, aerogels, and sponges) to facilitate
the recovery of this material [158,159].
Nevertheless, there has been a surprising growth in the utilization of ACs in AOPs (Figure 21).
Despite recognition in the world of material sciences that graphene-based catalysts are a revolutionary
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material, ACs have remained the most frequently used materials over the past five years as both
catalysts and supports in AOPs for water treatment. Over half (54%) of research articles address
the application of some type of radiation in the AOP with AC materials, and half of these concern
photocatalysis systems. The remaining studies evaluate the application of carbocatalysis in AOPs,
with nearly 20% of these being AC/ozone water treatments. ACs are widely used to enhance the
efficacy of AOPs because of their low cost, versatile forms, large surface areas and porosity, excellent
chemical stability, and the presence of sp2 carbon hybridization. In addition, the environmental
compatibility and sustainability of ACs support their utilization in metal-free catalysis systems. Efforts
have been made to facilitate the recovery of carbon material from water by structurally upgrading
carbon to membranes, fibers, aerogels, and sponges [160–162]. ACs have been widely used as catalyst
support [163–165], but, as explained above, some carbon materials offer more than their textural
contribution. There have been no new specific studies on the photoactivity of ACs over the past five
years. However, F. Velasco et al. [22,23] and Velo-Gala et al. [69,75] conducted photoactivity studies of
carbon materials used as supports, finding that the removal of micropollutants is attributable to the
effect of oxidant radicals generated by the interaction of radiation with the carbon.
The application of AC in ozonation systems has been most widely developed in AOPs with no
radiation source [166]. Thus, recent studies focused on their applications in large-scale water treatment
systems. The results obtained by Sánchez-Polo et al. [55] laid the foundations for the selection of doses
and working conditions in recent large-scale research [167]. The extensive use of ACs in adsorption
and ozonation processes for water treatments and their high effectiveness and simple application has
brought the combined ozone/AC system closest to its full-scale application [150].
Despite the advantages of ACs, researchers have developed synthetic carbonaceous materials such
as organic and carbon xerogels/aerogels to obtain high-quality materials with controllable structural
and chemical properties. Organic aerogel/xerogel materials have been most widely applied in water
treatment for physical pollutant separation [168]; however, it is increasingly recognized that these are
promising materials for AOPs. Their useful features include their three-dimensional porous network
structures, high surface area, good electrical conductivity, extremely low-density, ready separation
from water, and the flexible control of their texture and composition [169,170]. Over the past two
years, many researchers have shown carbon-based hybrid gels to be promising photocatalysts for
the removal of organic pollutants from water [168,169,171]. In the vast majority of their applications,
photocatalysis is carried out in combination with the oxides or metals dispersed in their matrix, allowing
modification of their structure, physicochemical properties and, therefore, catalytic activity [168].
Aerogels/xerogels have also been applied in ozonation since the first studies on their utilization as
catalysts in water. They share many of the properties of ACs, including the easy synthesis of these
materials. Unlike in photocatalyst systems, carbon aerogel/xerogel materials are applied in ozonation
for both their intrinsic catalytic properties and their capacities as metal support [169,172,173]. However,
although these materials have made a major impact on ozonation and photocatalysis systems, they are
not currently close to real-scale application due to their elevated costs. Aerogel/xerogel materials have
been studied as catalysts in other AOPs, comparable to the application of ACs, but much less frequently.
Their application to active oxidant sources such as persulfate was recently studied [174,175].
There have been more studies on zeolites than aerogels/xerogels in AOPs (Figure 21). Zeolites are
widely used as heterogeneous catalysts in different redox processes because of the transition metals in
their structure [176]. The benefits of using zeolites in AOPs include their mechanical strength, stable
support of transition metal oxides, and highly selective activity [150,176–178].
Ruthenium materials have proven potentially useful in water treatments [73] but have most
frequently been studied in relation to hydrogen generation [179–181].
The articles displayed in Table 28 illustrate current trends in research on different carbon-based
catalysts and zeolites in photooxidation and ozonation to remove organic pollutants from water.
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Table 28. Most relevant data from recent publications on carbon-based catalysts and zeolites in the photooxidation/ozonation of water contaminated with
different pollutants.
Catalyst Contaminants System Experimental Conditions Observations Ref.






Photoreactor equipped with a
low-pressure Hg UV lamp (11 W) with
radiation intensity between 315
and 400 nm.
Temperature = 22 ◦C
[Catalyst]0 = 10 mg/L
Time 120 min
Trimethoprim was resistant to photolytic degradation.
Apparent rate constants did not significantly vary
among Fe-, Zn-, Ni-, and Co-doped aerogels.
Ni-doped aerogel had a slightly higher capacity to
catalyze trimethoprim degradation.





[8 × 10−5 M]
UV/TiO2-carbon
aerogel
Two parallel UV lamps
(Osram 18 W UV-A blacklights)
Temperature = 25 ◦C
[Catalyst]0 = 330 mg/L
Time 240 min
The carbon aerogel (RFCA) composites had higher
photocatalytic activity versus polymer aerogel (RFA)
due to the larger surface area and more numerous
active reaction sites of the substrate. Unexpectedly,
the bare RFCA substrate was a more active
photocatalyst versus its composites.







[4 × 10−5 M]
UV/carbon aerogel
composites
Two parallel UV lamps
(Osram 18 W UV-A blacklights)
Temperature = 25 ◦C
[Catalyst]0 = 330 mg/L
Time 240 min
The bare carbon aerogel and TiO2-coated samples
were the most active ones and were even more
efficacious than P25. The highest photocatalytic
efficacy was observed for the sample coated with
thinner layers of TiO2, which decomposed around








500 W xenon lamp with 420 nm
cutoff filter.
[Catalyst]0 = 1000 mg/L
Time 120 min
The 55 wt % ZnS/CA sample exhibits excellent
photocatalytic performances for methylene blue










Temperature = 25 ◦C, 50 rpm
[Catalyst]0 = 4 g/L
pH = 5.5–6
Time 180 min
Dyes and TOC removal efficacies up to 99% and 65%,
respectively, were obtained for all dyes. % efficiencies
obtained for all dyes directly correlate with the
iron content.
[186]
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Source of solar radiation was an Osram
Ultra Vitalux 300 W lamp; source of
visible radiation source was an Osram
Powerstar HQI-T W/D Pro 400 W.
Temperature = 25 ◦C
[Catalyst]0 = 500 mg/L
Time 300 min
All composites showed photocatalytic activity to
degrade 4-chlorophenol and bisphenol A under both
solar and visible radiation. Materials with
intermediate proportions between carbon xerogel and
zinc oxide were optimal for the photodegradation.
The maximum values for the degradation of
4-chlorophenol were 88% and 49% after 5 h under
solar and visible radiation, respectively % bisphenol A








[PS] = 25–750 mg/L
pH = 3, 6, and 9
Temperature = 25 ◦C
[Catalyst]0 = 63 mg/L
Time 60 min
The pseudo-first-order degradation rate of PP
increased with higher PS concentration and lower PP
concentration and solution pH. The water matrix had
a detrimental effect on kinetics depending on the








Glass photoreactor equipped with visible
ReptoLux 2.0 14 W lamp.
Temperature = 25 ◦C
[Catalyst]0 = 1000 mg/L
Time 400 min
The composites were more efficacious versus the pure
samples, obtaining % degradation values of 47.7%,
63.0%, and 98.0% for catalysts with 20, 30, and 40%
ZrO2 content, respectively. There was a very high
synergic effect between carbon xerogel and ZrO2,
with a higher catalytic efficacy versus P25, providing





50, and 100 mg/L]
Catalytic wet
peroxide oxidation
[H2O2] = 0.026, 0.08, 0.4 M
pH = 3, 5, and 8
Temperature = 50 and 70 ◦C
[Catalyst]0 = 500 and 1000 mg/L
Time 150 min
The dye decomposition rate was strongly dependent
on the H2O2 dose, temperature, catalyst dose,
and initial concentration of dye. The catalytic
decomposition of dye was complete in 30 min using
CX-Ni-500 at pH 3. Incorporation of metallic Ni by
impregnation-reduction method onto the carbon
xerogel surface was largely responsible for the dye
decomposition efficacy.
[190]
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Lamp with UVC light
(Phillips/254 nm)
[Catalyst]0 = 20,000 mg/L
Time 500 min
The pure silica xerogel showed no photoactivity.
Nanocomposites heated at 500 and 700 ◦C are formed
by small crystallites with low photoactivity dispersed
in the matrix, while samples heated at 900 ◦C showed
good activity, reducing the concentration of MB by









UV reactor system equipped with
medium pressure 150 W Hg lamp, UV
light range 350–400 nm.
Temperature = 20 ◦C
[Catalyst]0 = 375 mg/L
Time 120 min
The efficacy to degrade methyl orange and phenol
was higher by photolysis than by photocatalysis.
The amount of rhodamine B degraded was higher by
photocatalysis than by photolysis after the first 30 min.
The methylene blue degradation rate was higher by
photocatalysis than by photolysis because of the
affinity of the positively charged molecule for the
negative surface of the catalyst. The salicylic acid








Halogen lamp (300 W, 220 V) with a
continuous spectrum from 300 to 800 nm.
[H2O2] = 10−3 M
Temperature = 20 ◦C
[Catalyst]0 = 550 mg/L
Time 24 h
Photo-Fenton activities of the two iron-doped samples
can be directly linked to their specific morphologies.
The iron-doped sample without EDAS had the
greatest PNP degradation efficacy (99%) due to the
direct availability of iron. Nevertheless, the PNP
degradation was higher for the sample with EDAS
(76%) than for the blank experiment without catalyst
(64%). The catalysts displayed stable catalytic activity
after 72 h of operation.
[193]
Magnetic AC Remazol black dye(RB) [40mg/L] UV/AC-Fe
Radiation source: low-pressure mercury
lamp; emission spectrum 254 nm
(30W-Philips, I = 1.20mW cm−2).
[Catalyst]0 = 300 mg/L
Volume = 200 mL
Time 240 min
Temperature = 25 ◦C
Percentage discoloration of RB by photocatalysis was
16% for the AC-Fe catalyst and 17–67% for AC-Fe
catalysts with different Ti concentrations. AC-Fe
evidenced photoactive behavior.
[194]
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Radiation source: one or two 8 W
Phillips mercury vapor lamps; emission
spectrum 254 nm (I = 59.8 mW/cm2 and
119.6 mW/cm2).
[Catalyst]0 = 250 mg in 50 mL
Volume = 50 mL
Time: 120 min
There was a higher degradation of paracetamol
pre-adsorbed on AC. The percentage degradation of
paracetamol adsorbed on AC with UV-C irradiance
had a maximum value of 79%, while the maximum










AC Merck, ECB and
EBC/Fe, simulated
solar radiation
Radiation source: solar simulator box;
Xe-lamp solar spectrum (I (UV region) =
105W/m2, corresponding to 9% of the
total radiation I of 1162W/m2).
[Catalyst]0 = 50 mg/L
Volume = 125mL
Time: 300 min
MB concentration was reduced by 22% with
commercial AC, showing that the photochemical
activity of this AC is low but not negligible. The most
striking performance was achieved with the
EBC/Fe-700◦ nanocomposite (ca. 58% MB converted
after 5 h). Formation of the FePO4 phase at 700 ◦C is










Radiation source: 450 W
medium-pressure mercury-vapor lamp
(Hanovia, Slough, UK); total I energy =
40–48% in the UV range and 40–43% in
the visible region.
[Catalyst]0 = 130 mg/L
Volume = 150 mL
[CP]0 = [IF]0 = 10mg/L
Time 120 min
Water matrix: distilled water (DW) and
wastewater (WW) from secondary
wastewater treatment.
The removal rate of both pollutants with Ru-TNW as
photocatalyst under UV–vis radiation was two-fold
that obtained with photolysis in DW. The t1/2 was
10.6 min and 8.0 min for CP and IF, respectively.









Radiation source: solar light from
11.30 a.m. to 2.30 p.m. during the
summer in Bengaluru, Karnataka (India).
I = 68,000 flux.
[Catalyst]0 = 500 mg/L
Volume = 40 mL
[MB]0 = 20mg/L
Time: 60 min
After irradiation for 60 min, the MB removal rate was
95% in the presence of RuO2-GO composite versus
40% with pure RuO2 and 20% with GO.
The enhanced photocatalytic activity of the RuO2-GO
composite was due to the synergistic effect between
mesoporous RuO2 anchored on GO via Ru–O–C bond.
[198]
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SOLAR BOX 1500 e with a 1500 W
Xenon lamp
Temperature = 28 ◦C
pH = 6
[Catalyst]0 = 1000 mg/L
Time 60 min
Orange G photodegradation was always higher with
graphene derivative-TiO2 composites than with TiO2
under simulated solar light. Orange G conversion
rates of 99.8%, 90.0%, 98.2%, 96.5%, and 47.6% were
obtained at 60 min with GO-T, rGO-T, rGONS-T,
rGOB-T, and TiO2, respectively. The photocatalytic












Six UV black blue light lamps (Narva LT
15 W/073) and 4 Daylight lamps (Narva
LT 15 W/865) for UV–vis experiments.
Under near-visible, 10 daylight
fluorescent lamps were employed
[Catalyst]0 = 500 mg/L
Time 300 min
Pesticide photodegradation and TOC abatement were
greater with the GO-TiO2 composite than with bare






Sylvania Lynx-S 11WBLB lamp, UV light
(365 nm), density of 1.0 mW/cm2
Temperature = 25 ◦C
pH = 6
[Catalyst]0 = 1000 mg/L
Time 300 min
The presence of rGO in the composite increased the
formation of hydroxyl/HO• radicals to attack the
4-chlorophenol molecules, explaining the
improvement in photocatalytic performance.
In comparison to TiO2, the rGO/TiO2 photocatalyst
increased the first-order reaction rate constant by








UV/catalyst Xenon lamp (150 W)Time 120 min
rGO@g-C3N4/TNAs photoelectrodes exhibited higher
photocatalytic activity. The removal rate of
tetracycline by rGO@g-C3N4/TiO2 nanotube
photoelectrodes reached 90% after 120 min, and the






250 W Xe lamp with UV cutoff filters
[Catalyst]0 = 500 mg/L
Time 180 min
TC photodegradation in the presence of
rGO-Cu2O/Bi2O3 and rGO/Bi2O3 was 38% and 24.5%,
respectively, after 3 h. The photocatalytic activity of
the composites was greater, with an increase in GO
from 20 to 50 mg.
[203]
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Visible photoreactor. 500 W tungsten
halogen lamp (400–800 nm)
[Catalyst]0 = 300–2000 mg/L
Time 500 min
Maximum MB degradation of 98% was achieved at
neutral pH with 1 g/L of catalyst. The rGO-Bi2O3
nanocomposite exhibited higher photocatalytic
activity (98%) versus pristine Bi2O3 (55%) or rGO






Temperature = 25 ◦C
[Catalyst]0 = 1000 mg/L
Time 90 min
Composites with 1% rGO showed the highest
photocatalytic activity (100% degradation of
rhodamine B after 30 min), which was three-fold
higher versus bare Bi2O3. This high photocatalytic
activity was attributed to the presence of graphene,
which served as an electron collector and transporter





[30 mg/L] OV or US/catalyst
UV light from UV-C
lamp (PHILIPS) with λ = 254 nm and
intensity of 6 W.
Temperature = 25 ◦C
[Catalyst]0 = 300 mg/L
Time 180 min
The degradation rate was higher when AC-TiO2 was
coupled with US and UV irradiations. Removal rates
of 93 and 50.4% were achieved for TC and TOC,
respectively, after 180 min irradiation. The anions





Low-pressure mercury vapor lamp
(TNN 15/32, 15 W, λ = 254 nm
[Catalyst]0 = 1000 mg/L
Time 40 min
Carbon-Ti materials with a developed
micro-mesoporosity reduced the bandgap, being more
active in orange G photodegradation under UV
irradiation versus TiO2, reaching 100% degradation
after 30 min of irradiation. Catalytic activity





LOT Quantum Design xenon lamp
system (300 W)Temperature = 20 ◦C
[Catalyst]0 = 100 mg/L
Time 300 min
The composite with 9% TiO2 was selected because it
had the highest adsorption and degradation rate and
lowest production cost. % degradation = 85% after
300 min of irradiation.
[208]
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[Catalyst]0 = 250 mg/L
Time 300 min
AC can accept the photogenerated electrons,
improving charge separation and considerably
improving photocatalytic activities to degrade 2,4
dichlorophenol. The photogenerated hydroxyl/HO•
radicals may predominate in the photocatalytic












Gas flow 1.5 L/min
Temperature = 24, 35 and 50 ◦C
[Catalyst]0 = a column packed with 2.6 L
GAC and 1.2 L dye solution
Time: 40 min
[NaCl] = 5−50 g/L
With ozonation alone, an increase in NaCl
concentration had a negligible effect on RB194
removal, but enhanced color removal by ACCO,
obtaining % color removal of 61 and 84% after 5 min
of contact with NaCl concentrations of 5 and 50 g/L,
respectively. 100% color removal was achieved by O3
after 20 min. Besides the synergistic effect of GAC in
the ozone system, the higher dye removal rate was









Gas flow 30 L/h
Temperature = 25 ◦C
[Catalyst]0 = 0.1–1 g/L
Time: 60 min
solar simulator (SSR): Xe arc lamp
500 W/m2 of radiation over 300 nm.
The use of OSAC increased the removal of clopyralid
from 66% to 96% after 30 min versus ozone alone.
The OSAC concentration of 0.75 g/L yielded the best
removal of clopyralid with O3.
Kinetic rate constant values were: O3/OSAC
(0.106 min−1) > O3/OSAC/SSR (0.099 min−1) > O3/SSR
(0.097 min−1) > O3 (0.063 min−1).
OSAC can be considered not only as an adsorbent but





[100 mg/L] O3 MB/GAC
Continuous
12.5 mg O3/L
Gas flow 0.3 L/min
[Catalyst]0 = 2.0 g/L
Time 120 min
Diameter of O3
microbubbles (MBs): 50 µm
Decolorization rate constants were 0.342 min−1 and
0.173 min−1 for MB ozonation with and without
AC, respectively.
O3 self-decomposition rate constants in water in MB
aeration and coarse bubble aeration were 0.049 min−1
and 0.013 min−1, respectively. When AC was added to
MB aeration, the O3 self-decomposition rate constant
increased to 0.093 min−1 because O3 decomposition
was enhanced by the catalytic effect of AC.
The catalytic activity of this commercial AC appeared
stable after five cycles.
[212]
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Continuous 0.3 and 0.5 mg O3/mg DOC.
Gas flow 5 L/min
[Catalyst]0 = 0.5 and 2.0 g/L
Time 20 h. Influent: tertiary-filtered
wastewater effluent from a reclamation
facility in Nevada, USA.
MP mix (ng/L): triclosan (27.00),
sulfamethoxazole (742.5), carbamazepine
(142.5), naproxen (19.25), trimethoprim
(15.25), gemfibrozil (1.37), atenolol (37.5),
fluoxetine (26.5), DEET (135.25),
primidone (145.0), sucralose (48500),
meprobamate (242.5), NMOR (15.5),
TCEP (240.0).
O3/GAC improved the abatement of MPs (TCEP,
sucralose, and meprobamate) versus ozonation alone
at 20 h of operation. However, the overall
effectiveness of O3/GAC markedly decreased after
longer O3 exposure, and the improvement ceased for
most of the MPs (except sucralose and NMOR) after
20 h of operation due to O3-induced changes in GAC
surface properties (structural damage, reduced surface











Gas flow 24 L/h
[Catalyst]0 = 20 mg/L
Time 30 min
Influent: ultrapure (UPW) and natural
water (NW) from the Biobío river.
Toxicity test with Daphnia magna.
MP (2.30–2.90 mg/L): atrazine (ATZ),
carbamazepine (CBZ), diclofenac (DCL),
triclosan (TCS)
Treatment with O3 and O3/PAC showed the slowest
transformation rate for ATZ (>90% at 30 min) but a
very fast rate for CBZ, DCL and TCS (>90% at 5 min).
ATZ oxidation was mainly driven by HO• radicals,
while CBZ, DCL and TCS were directly removed by
O3. Addition of PAC in the ozonation process
markedly improved acute toxicity removal. For a
similar TOC reduction, the reaction time was reduced
from 60 to 10 min in O3/PAC.
[214]
Carbon aerogel Reactive blue 19 O3/carbon aerogel
Continuous
Temperature = 24 ◦C
2.5 mg O3/min
[Catalyst]0 = 4 g/L
Time 20 min
The presence of carbon aerogel increased
decolorization versus ozonation alone. The
percentage of decolorization was almost 99% after
5 min in the presence of carbon aerogel.
[172]
Carbon aerogel Reactive blue 19 O3/carbon aerogel
Continuous
8 mg O3/L
Gas flow 0.5 L/min
Temperature = 24 ◦C
[Catalyst]0 = 2.0 g/L or 2.4 g/L
Time 30 min
The participation of carbon aerogel strikingly
enhanced the removal of dye versus ozonation alone.
Decolorization rates of 85%, 73% 55% were obtained
after 5 min using Ag-Fe2O3/carbon aerogel, carbon
aerogel, and ozone alone, respectively.
[215]
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Carbon aerogel Reactive blue 19 O3/carbon aerogel
Continuous
8 mg O3/L
Gas flow 0.5 L/min
Temperature = 24 ◦C
[Catalyst]0 = 1.0 g/L or 1.2 g/L
Time 30 min
Ozonation alone was generally not able to completely
degrade organic contaminants and needed the
addition of a catalyst to promote degradation.
After 10 min, the effluent was treated by catalytic
ozonation was 100% decolorized, whereas








Gas flow 0.6 L/min
Temperature = 25 ◦C
[Catalyst]0 = 0–3 g/L
Time 15 min
Cerium = 0–8%
PG degradation efficacy of the O3/CZ system was
higher than that of O3 alone. Optimal operating
conditions were: Ce loading mass = 4%,
CZ dosage = 2 g/L, O3 dosage = 6 mg/min, and initial
solution Ph = 4.5. PG removal was 99.5% after 15 min.
These optimal conditions produced the highest
specific catalyst surface area of the catalyst with no
agglomeration of Ce particles, and the appropriate











Gas flow 3 L/min
Temperature = 30 ◦C
[Catalyst]0 = 2.5 g/L
Time 60 minCe = Fe = Mn = 0.8 wt %
Pristine ZSM5 zeolites: NaZ38 (Na type
of counter ion, molar ratio
SiO2/Al2O3 = 38, Na2O at 4.08 wt %);
HZ38 (H type, SiO2/Al2O3 ratio = 38,
Na2O at 0.13 wt %), and NaZ100 (Na
type, SiO2/Al2O3 = 100, Na2O at
1.57 wt %).
Adsorption and direct ozonation contributed to early
TOC removal in O3/ZSM5 with HZ38 and NaZ100
zeolites. HO• radicals dominate the removal process.
Among the ZSM5 zeolites studied, Ce/NaZ38
achieved the
highest TOC removal, attributable to the surface
SiO bonds.
[218]
Zeolite 4A (Z4A) Paracetamol[50mg/L] O3/Z4A
Continuous
0.9 mg O3/min
Temperature = 25 ◦C
[Catalyst]0 = 11.11 g/L
Time 60 min
Z4A did not promote the decomposition of ozone to
produce HO• and O2•− radicals. Thus, paracetamol
ozonation in the presence of Z4A followed a
non-radical mechanism. Z4A removed paracetamol
by direct reaction with the O3 molecule. The effect of
Z4A was attributed to the approximation of both
pollutant and O3 molecules by adsorption on
its surface.
[219]
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Gas flow 0.25–1.1 L/min
Temperature = 5–30 ◦C




The presence of zeolite catalysts improved IBU
removal, especially at lower temperatures, because
the O3 concentration was higher.
Catalysts with a larger amount of Brønsted and Lewis
acid sites and higher Fe concentration achieved












Gas flow 0.5 L/min







Adsorptive O3/GAC and O3/Zeolite ozonation
processes significantly reduced the reaction time
versus O3 or O3/UV.
O3/GAC showed greater potential for organochlorine
compound removal versus O3/Zeolite.
[221]
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5. Conclusions
The DTZ removal rate is markedly increased by the presence of ACs during photooxidation,
and gamma radiation enhances the synergetic activity of ACs. The textural properties of ACs are not
clearly related to their synergic contribution, but those containing larger percentages of ester/anhydride
groups and carbon atoms with sp2 hybridization show higher synergetic activity. In general, gamma
radiation treatment reduces the bandgap values of ACs, and, in one series of commercial carbons,
a lower Eg value corresponds to a higher DTZ removal rate. Materials modified by gamma radiation
contain a greater percentage of carbon atoms with sp2 hybridization, explaining their superior behavior
to degrade DTZ in the presence of UV radiation.
Determination of HO• radicals and superoxide anions in UV/AC and solar/AC systems shows that
AC behaves as a photocatalytic material and that these photoinduced reactive species are responsible
for the percentage degradation achieved, which is much higher than that obtained by direct radiation
alone. DTZ degradation is more efficacious by radiation/AC systems than by radiation/TiO2 systems.
The addition of a transition metal (Co, Mn, Ti) does not have a major influence on the textural
and chemical properties of the aerogels. Mn-doped aerogels significantly increase the oxidation rate
during NTS photodegradation, and a rise in Mn(II) surface concentration enhances the photoactivity
of this material.
The porous texture of xerogels (X-Ni, X-Co, X-Fe, X-Na) depends on the nature of the metal
salt. In noncarbonized xerogels, Eg values are <4 eV due to the higher concentration of–C=O/–OH
groups. Carbonization of the xerogels increases their surface area and Eg (>4 eV). Degradation of the
herbicide AMT during UV irradiation results from a combination of adsorption, direct photolysis,
and gel-induced synergic effect. The presence of xerogels during AMT degradation produces the
generation of O2•− and HO• radicals via the photogeneration of electron-positive hole pairs. The AMT
degradation rate is proportional to the initial X-Ni concentration up to around 250 mg/L due to
progressive saturation of photon absorption on the catalyst for a given incident radiation flow. X-Ni
catalyst shows high stability after consecutive cycles when its catalytic activity is only slightly lower.
The presence of X-Ni considerably enhances DRN degradation under solar radiation, behaving as a
photocatalyst. The DRN photodegradation rate constant is proportional to the xerogel concentration
up to around 4000 mg/L because a higher concentration increases the number of active surface sites for
DRN photooxidation. X-Ni shows high stability after three consecutive cycles of DRN degradation
under solar irradiation.
In RuBpy-doped xerogels, this complex is homogeneously distributed in the polymer matrix of the
organic xerogel and provides greater thermal stability. RuBpy behaves as a sensitizer in the polymer
matrix, increasing the capacity of the material to promote electrons in the presence of solar irradiation.
RuBpy-doped xerogels enhance the formation of HO• radicals during solar radiation, although they
do not act as true photocatalysts because their chemical properties are modified by irradiation.
Chemical and textural characterization showed that the Fe(III) doping of silica xerogels modifies
their physicochemical properties. XGS-Fe(III) enhances TNZ degradation under UV radiation in an
aqueous solution by generating HO• and O2•− radical formation and reducing Fe(III). Only 3.64%
of Fe(III) is needed to achieve 68% TNZ degradation under solar radiation. Although XGS-Fe(III)
does not behave as a true photocatalyst, it is readily synthesized, inexpensive, and easy to handle,
characteristics that favor its utilization in AOPs.
The presence of Ru(II) tris chelate type photosensitizers significantly contributes to CTC
degradation by solar radiation because they promote the formation of 1 [O2]*, the main species
responsible for the degradation of this contaminant.
rGO-TiO2 composites can be prepared using a simple hydrothermal technique method.
The effective reduction of GO and the formation of pure anatase and Ti–O–C bonds are observed
on the composite surface. Catalytic activity is highest for 7% rGO-TiO2, which achieves 98.6% EtP
degradation after 40 min of UV irradiation, but the degradation then reduces with a greater percentage
of rGO. Photocatalytic EtP degradation is higher with rGO-TiO2 versus rGO-P25 composites, likely
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attributable to the rutile phase in commercial P25 and its smaller surface area and larger crystal size in
comparison to TiO2 composites.
rGO/Bi nanocomposites can be synthesized by microwave treatment using the Hummers method.
Characterization of the composites shows that GO is reduced to rGO and that Bi is polydispersed on
their surface as a crystalline phase of Bi2O3. Sample 5% rGO/Bi is the most active nanocomposite for
SMZ degradation under solar radiation (100% removal after 2 h) and remains unchanged after three
treatment cycles. The degradation rate is lower with higher rGO content. After SMZ degradation,
the aqueous medium is nontoxic.
The presence of AC increases the NTS degradation rate during ozonation and removes part of the
organic matter through mineralization. The highest catalytic activity in ozonation is observed with basic
ACs. Basal plane electrons and oxygenated surface groups with basic character (chromene and pyrone)
on ACs are largely responsible for the ozone decomposition in the aqueous phase. The reduction of
ozone on the AC surface generates OH- ions or H2O2 that initiate the decomposition of ozone into
highly oxidative species responsible for increasing the NTS ozonation rate. These species can also
mineralize dissolved organic matter, reducing the TOC. A high macroporosity enhances ozonation,
reducing diffusion problems and, therefore, favoring access of the ozone to the active centers of the
carbon surface. A study of AC activity to transform aqueous ozone into HO• radicals shows an increase
in the transformation rate at higher doses of dissolved ozone and AC in the system. The combined
presence of AC and ozone reduces the genotoxicity of NTS degradation compounds. This novel
purification system has demonstrated high efficacy.
The kinetic equation representing the heterogeneous reaction rate depends on the concentrations
of contaminant and dissolved ozone. The reaction order with respect to both NTS and ozone is 1.
Experimental results are adequately represented by the general kinetic model proposed, which permits
measurement of the carbon catalytic activity in NTS ozonation. The khetero constant values range from
94.2 (mol/L)−1 s−1 for Witco to 210.5 (mol/L)−1 s−1 for Norit carbon.
Chemical activation of petroleum coke with KOH increases its catalytic activity in NTS ozonation
because of the increased basicity of the carbon and the development of its porosity, giving the ozone
greater access to active sites on the carbon surface. Treatment with nitrogenating agents enhances the
catalytic activity of ACs in NTS ozonation because it augments the meso- and macropore volume and
increases the basicity, largely due to the creation of pyrrole groups on the carbon surface.
Metal-doped carbon aerogels can enhance the transformation of ozone into HO• radicals as long
as the metal on their surface is susceptible to oxidation by ozone. This transformation is accelerated by
the presence of Mn(II)-doped carbon aerogel during ozonation as a function of the aerogel dose and
the Mn(II) concentration on its surface. The capacity of Mn-doped carbon aerogel to promote ozone
transformation into HO• radicals decreases with longer exposure to ozone. This behavior is explained
by the oxidation of surface Mn(II) to higher oxidation states, leading to inactivation of the material.
There is a small increase in SDBS degradation in the presence of a basic zeolite during ozonation
and a small decrease in the presence of an acid zeolite. The ozone removal rate is only increased
with the acid zeolite system in comparison to the absence of SDBS, confirming the greater catalytic
capacity of basic versus acid zeolites, with the additional benefit of lower consumption of ozone. NaOH
treatment of acid zeolite markedly increases the catalytic activity for SDBS ozonation with respect
to the original zeolite due to (i) an increased basicity, (ii) widened microporosity, and (iii) reduced
hydrophobicity. These changes enhance ozone decomposition into HO• radicals and therefore increase
SDBS degradation.
Catalysts have proven indispensable for the treatment of water pollutants by AOPs to achieve
a clean environment. Current research lines focus on the preparation of more effective materials
with improved photoactivity (narrow bandgap and good separation of e−/h+ pairs) for photocatalytic
AOPs or with a higher capacity to decompose different oxidant sources into radical species for other
AOPs. The trend is towards a combination of purposefully tailored properties of composite materials
with high stability and ready recovery, seeking economic solutions. Materials with a large surface
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area, open porous structure, and tunable chemistry continues to be the preferred choice for catalyst
development. For all of these reasons, it is not surprising that AC-based materials are the most
frequent option, not only for research but also for large-scale applications, as in the case of ozonation
systems. However, this progress in the application of AC materials as catalysts does not reduce the
importance of developing other types of material. Indeed, all of these advances provide the basis
for selecting the most appropriate new materials for research on water treatments. This is the case
of graphene-based materials and other types of catalysts described in this review. Graphene-based
materials, organic aerogels/xerogels, and zeolites are all suitable for utilization as metal catalyst
nanocomposites, with attractive textural and structural properties and versatile synthesizing methods.
6. Future Outlook
This review confirms the importance of carbon materials in enhancing the effectiveness of both
the photooxidation and ozonation of pollutants. Future research should focus on the development of
carbon material-based nanocomposites for enhancing water treatments at pilot and technological scales
in flow reactors, increasing pollutant mineralization and reducing water toxicity. These nanocomposites
need to be inexpensive and effective and should not undergo a transformation during water treatment,
allowing their utilization for long periods of time. If they are changed by the treatments, they must be
readily regenerable.
We highlight the need for standardization in research efforts to understand the mechanisms
governing catalytic photooxidation and ozonation. Critical parameters in these studies would be the
solution pH and the nature of active surface sites responsible for catalytic reactions.
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